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ABSTRACT 

The research project entitled "Uptake and Biodegradation Kinetics of 2,4-

Dichlorophenoxyacetic Acid (2,4-D) from South Saskatchewan River Water by an Indigneous 

Microbial Community" was designed to provide insight regarding the persistence of the well

used herbicide, 2,4-D, in Prairie surface water supplies. By examination of the microbial 

response to the presence of 2,4-D and other water quality conditions, such as pH adjustments 

and humic acid amendments, in a natural water sample, it was determined that 2,4-D is not 

likely to be persistent in Saskatchewan surface water. 

The addition of an acid or base and/or aqueous humic acid to water samples did not 

significantly affect the uptake and biodegradation kinetics of the indigenous 2,4-D-degrading 

microbial community. Biodegradation of the 2,4-D parent material was credited to a strain of 

bacteria minimally identified as Pseudomonas cepacia via microbial isolation techniques, 

including a known resistance to the anti-biotic, chloramphenicol. It is not presumed that this 

microbial population was solely responsible for the biodegradation of 2,4-D. This population 

was merely chosen as the representative, identifiable population in the water samples. 

Complete mineralisation of the parent compound was confirmed through bi-weekly analyses of 

dissolved and total organic carbon components and weekly analyses of pH changes in the water 

samples. The total organic carbon content decreased as carbon dioxide was released from 

solution indicating complete degradation of the 2,4-D molecule. pH also gradually declined 

indicating the release of carbon dioxide in the 2,4-D mineralisation process. 

On average, given the specific conditions examined in these experiments, not more than 40 

hours was required to completely mineralize 2,4-D concentrations ranging between 6.5 and 

12.5 mg/L. 
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1. INTRODUCTION 

Chlorinated phenoxyacetic acids were first manufactured in the early 1940s and have since 

been applied on a global scale in large quantities for the control of broad-leaf weeds. 2,4-

dichlorophenoxyacetic acid (2,4-D), the most widely applied, is an analogue of an auxin-or 

growth hormone. This herbicide is used primarily for post-emergent control of broad-leaf 

weeds in cereal crops, but is also utilised for domestic lawn care and a variety of other 

situations. 2,4-D may also be applied directly to fresh and marine water systems to control 

aquatic weeds. According to Ware (1986) 2,4-D is available in more than 1500 products 

produced in volumes exceeding 32.8 million kilograms in the United States alone. 

Agricultural chemicals may enter the aquatic environment through direct application, runoff or 

infiltration from farmlands, manufacturing effluents, or transportation spills. A considerable 

percentage of Saskatchewan's surface and ground water supplies are subject to significant 

contamination through the use of agricultural pesticides, such as 2,4-D. The South 

Saskatchewan River typically receives water from spring snowmelt and infiltration from 

shallow aquifers as it travels through the broad agricultural regions of south-eastern Alberta 

and south-western Saskatchewan. 

In 1993, Health Canada reported that Canadian surface water supplies examined in 1980 

contained concentrations of 2,4-D as high as 3 J.tg/L. In contrast, Sherry (1994) stated that 

aquatic residues of 2,4-D in Canada were observed at levels as high as 3 mg/L. In their 

examination of Saskatchewan farm dugout water, Grover, eta/. (1997) added that 2,4-D was 

detected in approximately 93% of all farm surface waters inspected, irrespective of season. 

The high frequency of 2,4-D detection is significant. Current concerns respecting the potential 

carcinogenic hazards connected with general pesticide use have increased the focus on 2,4-D in 

the environment. The frequency of detection of 2,4-D in North American water supplies is 
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increasing, as well as the concentration of 2,4-D detected (U.S. EPA, 1995). Efficient 

techniques to facilitate the removal of 2,4-D from various types of water supplies are required. 

Microbial degradation of 2,4-D in both water and soil environments is well documented in the 

United States and select regions of Canada (Ryals, et al., 1998; Lavy, et al., 1996; Cavalier, et 

al., 1991; Greer, et al., 1990). In contrast, there has been minimal research related to the 

biodegradation of 2,4-D in Saskatchewan surface water. Further government-funded research 

may be beneficial to determining the effects of the extensive agricultural practices in the 

province, including the application of2,4-D. 

The U.S. EPA (1995) stated that conventional treatment methods such as coagulation and 

oxidation are ineffective in the removal of 2,4-D from water systems (U.S. EPA, 1995). 

Activated carbon systems including granular activated carbon (GAC) and powdered activated 

carbon (PAC), and reverse osmosis (RO) systems show more promise, as does photochemical 

degradation (Modestov and Lev, 1998; U.S. EPA, 1995; Health Canada, 1993). However, 

applications of these technologies for significant 2,4-D removal are not yet available. A much 

more significant degradative pathway is microbial decomposition via either direct metabolism 

or co-metabolism. 

Lavy, et al. (1996) observed that acclimation of a soil microbial population was significant in 

previously unacclimated systems, however, first-order decomposition occurred rapidly after 

acclimation. According to Cavalier, et al. (1991), groundwater systems are also thus affected. 

To provide insight about the persistence of2,4-D in Prairie surface water supplies, this research 

project was initiated. An attempt was made to quantify some of the optimum conditions under 

which biotransformation and, ultimately, mineralisation of 2,4-D parent material would occur 

in South Saskatchewan River water. 
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The microbial biotransformation of 2,4-D by an indigenous strain of Pseudomonas bacteria 

under prescribed water quality and controlled environmental conditions was quantified in two 

investigations conducted in April and June of 1999. Specifically, the effects of pH adjustments 

and dissolved organic carbon (DOC) additions in the form of humic acid amendments on the 

uptake and biodegradation kinetics of 2,4-D were examined. 

The search for an optimum pH range and restrictive pH range in terms of 2,4-D biodegradation 

was included. Previous researchers noted that somewhat acidic pH values enhance the rate of 

2,4-D biodegradation, but add that acidity may also inhibit microbial metabolism. Previous 

research focused primarily on the pH range of 3.3 to 8.1 (Pignatello and Baehr, 1994; Greer, et 

a/., 1990; Ditzelmuller, et al., 1989). The natural pH of South Saskatchewan River water is 

outside that range at 8.5 and, therefore, creates a distinctive situation for 2,4-D biodegradation 

analysis (Willey, 1999). 

There are two schools of thought describing the effect of the presence of an alternate carbon 

source, such as humic acid, on the rate of 2,4-D biodegradation. In some cases, additional 

substrates may enhance the utilisation of the target compound, while in others the presence of 

an alternate substrate may inhibit or repress the biodegradative pathway (Mangat and 

Elefsiniotis, 1999; Daugherty and Karel, 1994, Greer et al., 1990). 



2. OBJECTIVES 

Determination of the persistence of 2,4-D in surface water requires an examination of the 

natural water quality as well as imposed water quality and environmental conditions. South 

Saskatchewan River water was examined in this study as a surface water source previously 

untested in terms of 2,4-D biodegradation capability. The goal of this project was to conclude 

whether or not certain water quality factors of the South Saskatchewan River affected 2,4-D 

biodegradation results. 

Because of some controversy (see Background section which follows) about the effects that an 

alternate carbon source may have on 2,4-D biodegradation, and because no previous studies 

examined the effects of pH adjustment on 2,4-D biodegradation in Saskatchewan surface water, 

various humic acid and pH amendments were made to the 2,4-D contaminated water samples. 

Under these imposed conditions, the persistence of2,4-D was assessed. 

Specific objectives of this project were to: 

1) determine the persistence of 2,4-D in natural Saskatchewan surface water, and 

under various imposed water quality conditions including humic acid and pH 

adjustments; 

2) verify that 2,4-D biodegradation adheres to the rules of first-order kinetics; and 

3) describe the optimum conditions under which 2,4-D is readily biodegraded by 

indigenous microbial populations. 
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3. BACKGROUND 

The literature studied for this project described the applications, usage patterns, and concerns 

about the related environmental and health implications of 2,4-D. Information comparing 

conventional and biological treatment methods is discussed including the optimum conditions 

under which microbial degradation of 2,4-D is expected. Methods and optimum conditions for 

the detection and quantification are also discussed. 

3.1 General Information 

Health Canada (1996) described 2,4-dichlorophenoxyacetic acid (2,4-D) as a systemic 

chlorophenoxy herbicide that is widely used for the control of broadleaf and aquatic weeds. It 

is commonly applied to cereal cropland and on industrial property, lawns, turf, pastures, and 

non-cropland. Since it is an analogue of an auxin (growth hormone), 2,4-D also has non

destructive applications such as increasing the latex output of old rubber trees and regulating 

plant growth causing fruit to ripen in time for mechanical harvesting (Health Canada, 1996; 

U.S. EPA, 1995). 

The term auxin comes from the Greek verb auxein that means "to grow". Auxins may be any 

one of a class of plant hormones that promote elongation of cells in the stems of plants in 

response to light, water, and steepness of hillside slopes, inhibition of lateral bud and fruit 

development, and obstruction of cell division. As an auxin analogue, 2,4-D exerts its toxicity 

on specific plants by "stimulating rapid, uncoordinated, and distorted growth of some body 

parts while seriously inhibiting the function of other body parts". Because of these auxin-like 

characteristics, 2,4-D and other phenoxyacetic acid compounds are often referred to as 

"hormone" weed killers (Connell, 1997; Health Canada, 1996; Keeton, 1972). 
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3.2 Chemical Properties 

2,4-D is a potential carbon and energy source for microbial growth. It may be degraded via 

either biodegradation or ultraviolet photolysis in the aquatic environment (U.S. EPA, 1995; 

Health and Welfare Canada, 1993). The typical half-life of 2,4-D in either fresh or marine 

aquatic systems is between ten and fifty days depending upon the concentration and exposure 

history of the environment. 2,4-D is more persistent at high concentrations in oligotrophic 

(previously non-exposed) aquatic environments (Hogan and Ward, 1998; U.S. EPA, 1995). 

The polarity of the 2,4-D molecule, conferred by the carboxylic group ( -COOH) shown in Figure 

3.1, renders it soluble in aquatic environments. The overall solubility of 2,4-D is 540 mg/L at 

20°C in water (Connell, 1997; DeZuane, 1997; U.S. EPA, 1995; Health and Welfare Canada, 

1993). 

Cl OCH2COOH 

Figure 3.1. Chemical structure of 2,4-dichlorophenoxyacetic acid {2,4-D), C8~Ch03• 

2,4-D has a molecular weight of 221.04 and is available from several chemical companies at 

different levels of purity. The purity of most analytical grade 2,4-D is 99%. The extremely low 

Henry's Law constant of 1.02 x 10-8 indicates that volatilisation of 2,4-D from water is not 

expected. 
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2,4-D has a strongly phenolic odour and should be used in well-ventilated areas. Commercially, 

2,4-D may be found in the form of a soluble liquid, powder, dust, aerosol spray, or foam under 

brand names including AquaKleen, Crop Rider, Ded-Weed, Lawn-Keep, No-Weed, Weedbar, 

Weedex, and Wonder Bar (Connell, 1997; U.S. EPA, 1995; Health Canada, 1993). 

3.3 Epidemiology and Toxicity 

Concern about the toxicity of 2,4-D has become widespread and well publicised in the media. 

However, no scientific sources state conclusively that 2,4-D is a carcinogenic compound. Most 

analytical epidemiological studies have not provided conclusive evidence of the carcinogenicity of 

2,4-D and its related compounds (Health Canada, 1996; U.S. EPA, 1995). 

Although currently available evidence suggests that 2,4-D is non-genotoxic, most countries have 

classified 2,4-D as a possible carcinogen. This label was assigned in response to the results of 

high-dose chronic bioassays conducted on male rats. In these experiments, male rats displayed a 

slight dose-related increase in the occurrence of brain tumours (Health Canada, 1996). 

Acceptable environment concentration guidelines, most notably those for drinking water, have 

been developed with the possibility of carcinogenicity in mind. The Saskatchewan Municipal 

Drinking Water Guideline established in 1994 for 2,4-D residue is the same as that recommended 

by Health Canada, and is 0.1 mg/L (SERM, 1994). 

3.4 Water Quality Guidelines 

The Guidelines for Canadian Drinking Water Quality (GCDWQ) list the interim maximum 

acceptable concentration (IMAC) for 2,4-D in drinking water as 0.1 mg IL. This guideline is 

based upon the provisional acceptable daily intake (ADI) derived from a no-observed-adverse

effect level (NOAEL) for tubular cell pigmentation in the kidneys-one of the organs most 

significantly affected by 2,4-D (Health Canada, 1996). 
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At 0.1 mg/L, the GCDWQ has the identical concentration limit for 2,4-D as that assigned by 

WHO. This value is based on the NOAEL results of a two-year dietary toxicity study in rats. In 

this study, an NOAEL of 8 mg/(kg-day) was established. Health Canada (1996) intend to 

maintain the 2,4-D IMAC classification until studies clarify the carcinogenic status of 2,4-D and 

a corresponding maximum acceptable concentration (MAC) is determined. 

3.5 Environmental Fate and Treatment 

The fate of any compound introduced to any ecosystem is "controlled simultaneously by several 

processes including dispersion, dilution, sorption, and both biological and nonbiological 

degradation" (Cavalier, et al., 1991). 

Conventional water treatment methods such as coagulation, aeration, and chlorination are 

ineffective for removing 2,4-D at any significant concentration (U.S. EPA, 1995; Health and 

Welfare Canada, 1993). 

Treatment for the removal of 2,4-D from water is most successful with granular activated carbon 

(GAC) or powdered activated carbon (PAC) systems, or photolysis. Reverse osmosis (RO) 

systems are also applicable for 2,4-D removal at low concentrations (Health and Welfare 

Canada, 1993). The U.S. EPA (1995) maintains that the most effective method of 2,4-D 

removal from water is via biodegradation. 

Once 2,4-D has entered a surface water ecosystem, removal may occur via any number of natural 

mechanisms. Adsorption and biodegradation are the most prominent natural mechanisms for 

purifying either infiltrating or flowing surface water. Both of these mechanisms are highly 

influenced by environmental factors including the redox conditions and the chemical 

characteristics of the water (Cheremisinoff, 1997). 
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3.5.1 Microbial Degradation 

The removal of a given organic substrate in a natural aquatic system is governed by complex 

interactions between physical, chemical, and biological processes (Lewis and Gattie, 1988). The 

rate of microbial transformation of foreign chemicals, such as 2,4-D, is a function of several 

environmental and physiological factors. 

Biodegradation proceeds once the microbial population is sufficiently acclimated to the presence 

of 2,4-D in the environment (Kobrai and White, 1996; Donnelly, et al., 1993; Palmisano, et al., 

1991). 

Numerous indigenous aquatic microorganisms are capable of biotransforming 2,4-D as a part of 

their metabolic processes (fonso, et al., 1995; U.S. EPA, 1995; Cavalier, et al., 1991). In 1995, 

Tonso, et al. characterised a suite of forty-six bacterial isolates representing a diverse 

geographical, biochemical, and phenotypic range which are capable of degrading 2,4-D. 

The most common bacteria detected in 2,4-D biodegradation are in the genera of Pseudomonas, 

Alcaligenes, Streptomyces, Achromobacter, Flavobacterium, Bordetella, Xanthobacter, and 

Arthrobacter (Kamagata, et al., 1997; Smith, et al., 1994). Of these, Pseudomonas and 

Alcaligenes are the most commonly employed in 2,4-D biodegradation experiments. 

Pseudomonas cepacia and Alcaligenes eutrophus biodegrade 2,4-D via the tfd biochemical 

pathway (Figure 3.2) in which 2,4-D is metabolised to 2,4-DCP (2,4-dichlorophenol) through 

hydrolysis. This pathway is named for the tfd gene responsible for 2,4-D metabolisation (Mangat 

and Elefsiniotis, 1999). 

3.5.2 Biodegradation by Pseudomonas cepacia 

2,4-D is metabolised by P. cepacia into simpler molecules by a series of biochemical reactions. 

In general, 2,4-D biodegradation is defined as the break down of the parent compound into its 
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first metabolite, 2,4-DCP. Mineralisation is the dissolution of the compound to carbon dioxide 

and water. 

The 2,4-D parent compound is broken down through the following series of intermediate 

metabolites (shown in Figure 3.2): 2,4-DCP; 3,5-dichlorocatechol (DCC); 2,4-dichloromuconic 

acid (DCMA); cis-2-chlorodiene lactone (CDL); 2-chloromaleylacetic acid (CMA); to the TCA 

cycle where succinate is most likely one of the final metabolites of 2,4-D (Bhat, et al., 1993; 

Clarkson, et al., 1993; Smith and Aubin, 1991; Newton, et al., 1990; Kelly, et al., 1989). 

Although the details of cleavage are not clear, it is known that the first step in 2,4-D 

biodegradation involves cleavage of the ether bond in 2,4-D to produce 2,4-DCP by a 2,4-D 

monooxygenase enzyme. The second step in the mineralisation process is hydroxylation of 2,4-

DCP to DCC. This is generally accepted to occur via catalysis by the 2,4-dichlorophenol 6-

monooxygenase enzyme (Bhat, et al., 1993). 

Enzymes for the complete mineralisation of 2,4-D substrate are specifically induced during the 

growth of the bacteria on the chlorinated phenol parent material. 

3.5.2.1 Acclimation of microbial communities 

The period of time required to prepare for a particular metabolic activity, such as the microbial 

transformation of 2,4-D, is termed the "acclimation" or "lag" period. 

Prior to mineralisation of 2,4-D in an aquatic environment, the microbial populations must 

become acclimatised to the presence of the foreign compound. During this time alterations to 

physiology, genetics, or the size of microbial populations may occur. Wiggins and Alexander 

(1988), describe these processes as "the time required for enzymes to be induced, the appearance 

of mutants or transfer of plasmids, or the multiplication of initially small populations to densities 

sufficiently high to bring about a detectable change in chemical concentration," respectively. 
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Figure 3.2. The tfd pathway suggested for 2,4-D biotransformation by P. cepacia (Clarkson, et al., 
1993). 

The amount of time required for microbial acclimation may also be directly related to the 2,4-D 

concentration present in a given environment (Cavalier, et al., 1991; Greer, et al., 1990). 

McTernan and Pereira (1991) described the relationship between the initial 2,4-D concentrations 
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and degradation constants as inversely proportional at concentrations ranging between 50 and 

5000 flg/L. 

3.5.2.2 Factors influencing biodegradation 

Under natural conditions, the degradation of pollutants is controlled most often by a variety of 

physical and chemical parameters, such as temperature, pH, and availability of substrate, and not 

by the presence or absence of the appropriate population of microorganisms. Optimum physical 

and chemical conditions will allow eventual evolution and growth of the best -adapted microbial 

population (Paul and Clark, 1996). 

The presence of physical and chemical parameters such as the availability of rate-limiting 

nutrients; the presence of competing carbon sources; pH; temperature; solar radiation; and 

dissolved oxygen can significantly affect the success of microbial degradation (Thomann and 

Mueller, 1987). 

In fresh water, the availability of inorganic nutrients, such as phosphorous and nitrogen, affect 

contaminant mineralisation. Since these nutrients are essential to the basic metabolic functions of 

microorganisms microbial growth and, therefore, 2,4-D biodegradation, may be limited by low 

concentrations of these essential nutrients. However, when Ramadan ( 1994) investigated the 

response of 2,4-D-degrading bacteria to the addition of phosphorous to natural water, he 

concluded that Pseudomonas species were capable of degrading 2,4-D at the same rate in either 

phosphorous-deficient or phosphorous-rich natural waters. 

Two schools of information describe the effect of the presence of an alternate carbon source, such 

as humic acid or succinate, on 2,4-D degradation. In some cases, additional substrates enhanced 

the utilisation of the target compound, yet in others the presence of an alternate substrate 

inhibited or repressed the biodegradative pathway (Daugherty and Karel, 1994). 
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Other researchers including Mangat and Elefsiniotis (1999) suggested that 2,4-D degradation was 

slightly accelerated under natural conditions versus the presence of an alternate substrate such as 

phenol or dextrose. Greer et al. (1990) reported that the addition of succinate did not appear 

detrimental to 2,4-D metabolism and that P. cepacia utilised 2,4-D preferentially. 

pH values in the acidic range tend to stimulate microbial growth and thus increase the rate of 2,4-

D biodegradation. Most likely, it is the enzymes induced by 2,4-D-degrading microorganisms 

that prefer acidic environments. Previous research focused on the rate of 2,4-D biodegradation 

within the pH range of 3.3 to 8.1 (Pignatello and Baehr, 1994; Greer, et al., 1990; Ditzelmuller, 

et al., 1989). There is no documentation, however, regarding how 2,4-D biodegradation may 

proceed under more basic conditions (whether this pH is natural or induced). 

Carbon dioxide is usually a by-product of 2,4-D metabolism and, therefore, it is common to note 

a decrease in pH over the biodegradation period (Oh and Tuovinen, 1994). Growth of microbial 

populations capable of 2,4-D biodegradation may be inhibited as the release of carbon dioxide 

lowers the pH to acidic levels at which microbial degradation is not feasible. 

Microbial growth and, therefore, biodegradation is more pronounced at warm temperatures. 

When studying the effects of temperature on the ability of fresh water microbial communities to 

degrade 2,4-D, most results show that 30°C is optimum for growth and proliferation of microbial 

communities (Maltseva, et al., 1996; Ramadan, 1994; Bryant, 1992; Greer, et al., 1990). 

Solar radiation adds heat to water supplies and also may induce chemical degradation of 2,4-D in 

natural waters (Hogan and Ward, 1998). The majority of the experiments described in the 

literature were conducted in the presence of a minimal light source whose role in 2,4-D 

degradation was negated via analysis of control systems (Daugherty and Karel, 1994; Newton, et 

al., 1990). 
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The concentration of dissolved oxygen (DO) in water supplies also affects the rate of 2,4-D 

biodegradation. In the presence of adequate DO several aromatic compounds, including 2,4-D, 

may be metabolised by a variety of bacteria that employ mono- and dioxygenase-mediated ring 

fission reactions (Myers, et al., 1994). 

3.5.2.2 Biodegradation kinetics 

Biodegradation of 2,4-D most often follows the mathematical pattern described by first order 

kinetics (Shelton and Doherty, 1997; Nyholm, et al., 1992; Palmisano, et al., 1991). First-order 

substrate removal rate coefficients are based upon the loss of parent compounds from solution 

and, there~ore, represent both uptake and transformation rates (Lewis and Gattie, 1988). 

Within first-order kinetics, it is expected that removal of the target compound-in this case, 2,4-

D-is exponential. Therefore, the slope of the natural logarithmic plot showing the change in 

concentration versus time is a negative-sloping straight line through the origin (Atkins, 1982). 

The following equation describes the first -order rate of disappearance of a compound, C ( mg/L): 

where: Co is the initial substrate concentration {mg/L), 
Ct is the substrate concentration at a given time (mg!L), 
t is the time required for degradation (hours), and 
k is the decay constant (hours -t). 

Eq. 3-1 

In general, the application of first -order concepts is appropriate in those cases in which 

pesticides, or other compounds, are co-metabolised or are present in low concentrations (i.e., less 

than 5 mg/L), or both (Shelton and Doherty, 1997). Information describing the biodegradative 

process via the microbial action of P. cepacia, however, indicates that 2,4-D is most often 

utilised preferentially as the sole carbon source (Mangat and Elefsiniotis, 1999; Greer, et al., 

1990). Nyholm, et al. (1992) added that while co-metabolism may play a role in the degradation 

of 2,4-D, it is not the dominant degradation mechanism. Therefore, the application of first-order 

kinetics is not definitive for the 2,4-D biodegradation process. 
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McTernan and Pereira (1991) conferred that although 2,4-D is most frequently utilised 

preferentially as a sole source of carbon, other organic materials may be required for co

metabolism once the 2,4-D concentrations become quite low. At this time, the mineralisation of 

the synthetic organic compounds, such as 2,4-D, at very low concentrations (i.e., ppb range) may 

be carried out by microorganisms whose growth is supported by other supplemental organic 

materials present at higher concentrations. 

Bacteria can consume a contaminant organic material at low concentrations by secondary 

utilisation, if the microbial population is supported through energy obtained from another 

substrate that is present in concentrations above a minimum level. In such cases, the higher 

concentration compound is considered the primary substrate, and the materials at lower 

concentrations are termed secondary substrates. Through this process, trace levels of organic 

contaminants, such as 2,4-D, can be biologically metabolised (McTernan and Pereira, 1991). 

Another method of measuring the rate of 2,4-D biodegradation is through the calculation of 

microbial growth kinetics with the Monod model. This model describes the growth of microbial 

populations within examinations of substrate removal from aqueous solutions. 

In batch cultures, such as those monitored in the experiments described herein, there is initially a 

low population of microorganisms and a high concentration of substrate. This becomes a 

substrate-limiting reaction-rate system. The number of microbial cells in a batch bioreactor 

varies with time (Figure 3.3) dependent upon the type of microbial population, concentration of 

the substrate, and environmental conditions (Tarighian, 1999; Estrella, et al., 1993; Greer, et al., 

1992). 

The six stages shown in the plot in Figure 3.3 include: 

A: Lag phase - involving adaptation to a new environment. The number of cells does not 

increase significantly during this phase, but the metabolic activity is at its maximum and 

the cells may grow in size; 
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B: Accelerated growth phase - the transitional phase from lag to exponential growth; 

C: Exponential growth phase - when both population growth and substrate loss are at 

maximum levels; 

D: Transit phase - described by the decelerating growth rate; 

E: Stationary phase - the time during which the microbial population is at its maximum 

and substrate removal is nearly complete; and 

F: Death phase- when there is no longer enough substrate to support the microbial 

community and the population begins to die quickly without the supply of adequate 

carbon and energy sources (Tarighian, 1999). 
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Figure 3.3. Typical growth curve of unicellular organisms (Lee, 1992). 

The Monod model describes typical microbial growth mathematically. Relationships between the 

specific growth rate (Jl), substrate concentration (S), and biomass concentration (X) are given in 

the fundamental equation developed by Monod (Equation 3-2). In situations in which microbial 
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biomass concentrations are very high, microbial degradation may be expected to occur very 

rapidly (i.e., less than one day). 

where: t is the time in hours. 

dX =J.LX 
dt 

From this relationship the universal Monod equation was developed: 

JlmaxS Jl = _____;,;...;.;.___ 
Ks+S 

where: J.lmax is the maximum growth rate, and 
Ks is the Monod or saturation constant. 

Eq. 3-2 

Eq. 3-3 

From Equation 3-3, it may be noted that the value for the maximum growth rate (Jlmax) will be 

equal to the specific growth rate (J.L) when the Monod constant (Ks) is very small relative to the 

substrate concentration (S). Since 2,4-D is generally an easily metabolized substrate, its value 

for Jlmax will be quite high, while Ks is quite low (Lee, 1992). In this case, first-order decay of the 

primary substrate (2,4-D) is described within the Monod model. 

The Monod model is applicable to many biological systems designed for either steady or transient 

co~ditions (Tarighian, 1999). Although most investigations related to determining the uptake and 

biodegradation kinetics of 2,4-D removal from natural systems apply the principles of first-order 

kinetics, a combination of first-order kinetics and the Monod model may provide a better 

description of the complex living process of 2,4-D biodegradation. 

3.6 Quantification of 2,4-D 

Several methods are available for the quantification of 2,4-D concentrations in aqueous solution. 

These include chromatographic techniques such as high pressure liquid chromatography (HPLC) 

with ultraviolet detection (Mangat and Elefsiniotis, 1999; Shaw and Burns, 1998) and gas 
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chromatography (GC) (Lavy, et al., 1996; Rochette, et al., 1996); immunoassays (Rogers, et al., 

1997; Wittmann, et al., 1996); and spectrophotometry (Modestov and Lev, 1998). 

Radiorespirometric techniques and microcalorimetry may be used to monitor the process of 

biodegradation (Hogan and Ward, 1998; Fradette, et al., 1994; Entry, et al., 1993). 

3.6.1 Chromatographic Techniques 

Chromatography is a technique employed to physically separate two or more compounds in a 

mixture (including a solvent). According to Waters (1991) GC is able to separate only 15% of 

the known organic molecules and operates optimally at molecular weights less than 500. HPLC 

operates over the range of molecular weights inclusive of 50 to> 2,000,000 (Waters, 1991). 

Often, HPLC is favoured in terms of the economics, preparation requirements for individual 

water samples, and system operating time requirements (i.e., separation and quantification 

periods of less than 10 minutes per sample are possible for 2,4-D and its major metabolite, 2,4-

DCP). According to Wittmann, et al. (1996) GC is very sensitive to trace 2,4-D concentrations, 

but involves a quite complicated, laborious, and expensive procedure. In contrast, HPLC 

analysis of 2,4-D does not require derivatisation of water samples, but also does not provide the 

sensitivity achieved with GC. 

3.6.1.1 ffigh pressure liquid chromatography 

Liquid chromatography separates two or more compounds from solution using a mobile and 

stationary phase. The mobile phase consists of a flowing stream of one or more mixed solvents 

in which the sample must be highly soluble. The stationary phase is a column or tube containing 

small particles in the range of 5-125 Jlm (Waters, 1991). 

A pump forces the mobile phase through the system at a constant rate. When a sample is 

introduced into the system via an injector, either manual or automatic, it is then forced by the 

mobile phase to the stationary phase. 
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When analysing 2,4-D concentrations, most published methods implement a mixture of methanol 

and water acidified with acetic acid (CH3COOH) for 2,4-D elution (Fradette, et al., 1994; Greer 

et al., 1990; Smith, et al., 1994; Bryant, 1992). At a flow rate of 1.0 mUmin (Sanchis-Mallols, 

et al., 1998; Shaw and Burns, 1998; Han and New, 1994; Smith, et al., 1994; Estrella, et al., 

1993; Bryant, 1992) and sample injection volumes of approximately 20 J.1L (Mangat and 

Elefsiniotis, 1999; Sanchis-Mallols, et al., 1998; Shaw and Burns, 1998; Myers, et al., 1994), 

good separation and resolution of 2,4-D peaks may be achieved. 

Separation of constituents occurs in the stationary phase. The stationary phase column is a 

cylindrical tube fastened at each end with frits that hold the stationary phase particles in place. 

Constituents of the water sample are separated within the tiny silica particles onto which the 

different compounds in solution either adhere or diffuse. The high pressure in HPLC maintains 

the rigid configuration of the stationary phase packing particles (Waters, 1991 ). 

C1s columns are most commonly used for 2,4-D separation (Ryals, et al., 1998; Shaw and Burns, 

1998; Smith, et al., 1994; Bryant, 1992; Greer, et al., 1992; Greer and Shelton, 1992). 

The sample components are thus separated as a result of the different components in the solution 

adhering to or diffusing into the packing particles of the column. Waters ( 1991) states that "a 

sample is separated into various zones of sample components. These zones are often referred to 

as 'bands'." With the force of the flowing mobile phase, these bands continue to move through 

the packing material within the column and eventually pass out of the column. This process is 

called "elution" (Waters, 1991). 

Once the components of a sample have eluted from the column, they pass through any one or a 

number of detectors inducing a record tracing. Each record tracing of a single band from the 

elution forms a "peak". The series of peaks that result from a single injected sample constitute a 

"chromatograph" (Waters, 1991 ). 
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Ultraviolet absorption detection is the most common detection method applied for 2,4-D analysis. 

The choice of wavelength is dependent upon equipment optimisation-including resolution and 

separation of peaks-mobile phase, and personal preference (Waters, 1991 ). 

Published methods state that for 2,4-D detection the UV wavelength may fall in the range of 210 

and 280 nm (Daugherty and Karel, 1994; Fradette, et al., 1994; Han and New, 1994; Smith, et 

al., 1994; Bryant, 1992; Greer, et al., 1992). Well-defined peaks result within this range of 

wavelengths. 

The peaks on a chromatograph are generally identified by their retention time, or time required 

for elution. These peaks are compared to either internal or external standards for quantification 

of the concentration of each component present in the injected sample. In most cases, a computer 

software program is used to complete the mathematical integration of each peak and, using 

comparison to a calibration table, calculate the concentration of each component in the sample 

(Waters, 1991). 

3.5.1.2 Gas chromatography 

Gas chromatography separates two or more compounds from solution using a gas that percolates 

through a stationary bed of large surface area. Compounds such as 2,4-D that contain a 

carboxylic group must be derivatised prior to GC analysis since they are thermally unstable and 

lack volatility (Wittmann, et al., 1996). 

One or more inert gases, called "carrier gases", carry the components of an aqueous sample 

through the column. For 2,4-D quantification, McTernan and Pereira (1991) recommended a 

mixture of 95% argon and 5% methane at 40 mL/min. 

The sample is separated between the carrier gas and the non-volatile stationary phase which may 

be any size depending upon laboratory conditions and personal preference. Lewis and 

collaborators employed a large 2 m column with a 4 mm internal diameter (Lewis, et al., 1992; 
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Newton, et al., 1990; Lewis and Gattie, 1988. Others have used capillary columns (Rochette, et 

al., 1996; Gintautas, et al., 1992; Cavalier, et al., 1991). 

The characteristics of the column (such as length, internal diameter, and film thickness), carrier 

gas (including velocity), and temperatures used for GC affect the degree of resolution and time 

required for separation (Freeman, 1981; McNair and Bonelli, 1969). 

Like HPLC separation, the components of a sample are separated into different zones or bands 

based on the distribution coefficient of each component. The bands formed in the carrier gas are 

propelled from the column and recorded as a function of time by a detector (Freeman, 1981; 

McNair and Bonelli, 1969). 

A 63Ni electron capture detector is most common for 2,4-D detection (Lavy, et al., 1996; 

Rochette, et al., 1996; Lewis, et al., 1992; Cavalier, et al., 1991; McTernan and Pereira, 1991; 

Newton, et al., 1990; Lewis and Gattie, 1988). 

Temperatures employed for 2,4-D detection with the 6~i detector were between 250 and 350°C 

(Cavalier, et al., 1991; McTernan and Pereira, 1991). 

3.6.2 Non-chromatographic Techniques 

Methods such as immunoassays and spectrophotometry may be used to quantify the amount of 

2,4-D in a given solution. Like HPLC, neither immunoassays nor spectrophotometry has the 

sensitivity for use in drinking water quality assessment (Wittmann, et al., 1996; Clarkson, et al., 

1993). 

Generally, immunochemical methods involve the use of antigen-coated beads, monoclonal 

antibodies, or anti-2,4-D antiserums to select for the 2,4-D molecule. These are incubated with 

the 2,4-D, then introduced into a flow cell that contains antigen-coated beads. Application to 2,4-
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D detection is complicated in drinking water assessments since the molecular structure of 2,4-D 

is similar to naturally occurring compounds, including its first metabolite, 2,4-DCP (Rogers, et 

al., 1997; Wittmann, et al., 1996). 

Measurements of 2,4-D using ultraviolet absorption, or spectrophotometry are carried out at 283 

nm for best resolution. Spectrophotometric techniques are highly influenced by ambient turbidity 

which may skew the results of 2,4-D analysis (Modestov and Lev, 1998; Xing, et al., 1997 and 

1995; Clarkson, et al., 1993; Kandel, et al., 1992). 

3.6.3 Mineralisation Measurements 

Methods that are used to directly determine the extent and rate of 2,4-D mineralisation include 

radiorespirometry and microcalorimetry. The results of radiorespirometric analysis compare well 

with those obtained by HPLC (Hu and Brusseau, 1998). Microcalorimetry is very sensitive 

(equipment may be able to detect temperature differences of less than 1 o-6oC), but is not currently 

a well-established analytical tool (Fradette, et al., 1994). 

Radiorespirometry measures the amount of radiolabelled C~ released by the mineralisation 

process. The 14C~ is trapped in small glass cups and counted with a liquid scintillation counter. 

The results of counting are plotted cumulatively as a percentage of additional disintegrations per 

minute recovered as 14C~ with time (Hogan and Ward, 1998; Hurst, et al., 1997; Entry, et al., 

1993; Palmisano, et al., 1991). 

Microcalorimetric methods of biodegradation modelling are based upon the fact that metabolic 

activities are exothermic. The heat given off from these metabolic activities is very small, or 

"micro", and requires special equipment for detection. Microcalorimetry can quantify how toxic 

compounds affect microbial metabolism, locate the end of a specific metabolic process within the 

metabolic pathway under investigation, and differentiate the genetics of the microbial 

communities that are capable of mineralising the target compound (Fradette, et al., 1994). 



4. MATERIALS AND METHODS 

The biotransformation of 2,4-D in natural South Saskatchewan River water was investigated 

twice in early 1999. On April 12, 1999, water was collected at the Mendel Art Gallery pier 

(Figure 4.1) downstream of the Saskatoon water treatment plant. 

Figure 4.1. Photograph of Mendel Art Gallery pier and water sampling station. 

The second water sample was collected 15 km upstream of Saskatoon at the Cranberry Flats 

Conservation Area (Figure 4.2) on June 14, 1999. 

23 
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Figure 4.2. Photograph of Cranberry Flats Conservation Area water sampling site. 

At each sampling location, the water depth was approximately 1.5 metres. Water for each 

experiment was collected from the top 0.5 metres. At this depth it was expected that significant 

aerobic microbial communities and minimal suspended solids would be present. 

The results from each set of analyses were compared for the uptake and biodegradation kinetics 

of 2,4-D by an indigenous strain of Pseudomonas bacteria. Experiments were conducted under 

varied pH and dissolved organic carbon (DOC) conditions; 2,4-D concentrations were monitored 

using HPLC with UV absorbance detection. 
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4.1 Water Characterisation 

The South Saskatchewan River passes through broad agricultural lands in south-eastern Alberta 

and south-western Saskatchewan before being regulated at Gardiner Dam. From here, the water 

is then released into the South Saskatchewan River toward the city of Saskatoon 

Lake Diefenbaker, the reservoir held behind Gardiner Dam, is extensively used for irrigation 

water supply and return flow capture. From this intensive irrigation area in the Outlook region, 

the South Saskatchewan River flows through the Moon Lake Irrigation District approximately 10 

km south-west of the City of Saskatoon. Before reaching the City of Saskatoon, the river is 

subjected to the various effects of intensive agricultural practices indicating a significant potential 

for contamination by numerous agricultural chemicals. 

The water collected from the South Saskatchewan River in April and June was characterised at 

NWRI and the W ateResearch Corporation. Water quality of each raw water sample was 

assessed to form a baseline database of the pH, DOC, and other physical and chemical 

characteristics from which the biodegradation results could be compared. The ambient level of 

2,4-D contamination was assessed at the same time. 

4.1.1 Wet Chemical Analyses 

Organic carbon, pH, inorganic nutrients, and other physical and chemical water quality 

parameters were monitored on a scheduled basis in each experiment. Due to the large volumes of 

water required for nutrient analyses and carbon assessments, a minimal number of these tests 

were completed during each trial. 

Approximately 30 mL of water was required for complete analysis of DOC and total organic 

carbon (TOC), nitrate-N, ammonium-N, phosphate-P, and silicate concentrations. Of this, 7 mL 

raw water for TOC analysis and 20 mL of glass microfibre (GF/C 0.45 JliD mesh) filtered water 

for the remainder of the DOC and inorganic nutrient analyses were required. 
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Since the effects of the alternate carbon source, humic acid, on 2,4-D biodegradation were under 

evaluation, the DOC and TOC were monitored more frequently than the inorganic nutrients. In 

the first experiment, each of DOC and TOC were evaluated only at the start and end of the trial. 

In the second experiment they were each evaluated bi-weekly. 

The level of pH in each bioreactor was measured at the start and end of the first experiment, but 

weekly in the second. 

Quantification of the inorganic constituents (nitrate, ammonium, phosphate, and silicate) was 

completed only at the inception and conclusion of each experiment. 

Physical characteristics such as total dissolved solids (IDS) and turbidity were measured at the 

start of each experiment. The same was true for chemical characteristics such as salinity, 

alkalinity, and conductivity. 

4.1.1.1 DOC and TOC analysis 

DOC and TOC were assessed with a Technicon model AA2 Auto Analyser (Technicon 

Instruments Corporation, Terrytown, NY) using the colourimetric persulphate method (APHA, 

1998). 

Raw water samples of approximately 7 mL were poured into glass test tubes for TOC analysis; 

GF/C filtered water samples of the same volume were used for DOC analysis. Water was drawn 

into the system via the autosampler at approximately 5 minute intervals. These samples were 

pumped with a Technicon Proportioning Pump ill to the UV digestor. 

From the UV digestor, the acidified and coloured samples were pumped to the Technicon 

Autoanalyzer ll S.C. Colorimeter and the concentration of organic carbon in the samples 

sketched onto a chart recorder. The height of the peaks depicting organic carbon concentrations 

were integrated to give the final results in mg organic carbon I L water. 
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The TOC and DOC concentrations were calculated using standard curves prepared 

simultaneously with the water samples. A set of standards representing organic carbon values 

between 2 and 24 mg/L were evaluated after each set of 30 bioreactor samples. A blank sample 

was evaluated after each set of 10 bioreactor samples. 

The method applied for TOC analysis did not account for any settling of particulate organic 

matter to the bottom of samples awaiting analysis. Therefore, these values must be interpreted as 

minimum concentrations. 

4.1.1.2 pH 

An Orion model 525A pH meter (Orion Research, Inc., Boston, MA) was used to measure the 

pH of the water samples in each experiment. The meter was calibrated daily with a set of three 

standard solutions ranging between 4 and 10 standard units. 

The electrode and sample container were rinsed with Milli-Q® water and dried between each 

water sample. A magnetic stirrer was employed to maintain constant movement of ions within 

the water sample and gain a representative pH for the entire sample. 

4.1.1.3 Inorganic nutrient analyses 

Inorganic nutrients were assessed spectrophotometrically with modified APHA Standard 

Methods of quantification (1998). 

Volumes of 2.4 mL of GF/C filtered water were measured into glass test tubes for nitrate, 

ammonium, and phosphate analysis. The same volume of GF/C filtered water was measured into 

plastic test tubes for silicate analysis. Standards, blanks, and quality control samples (QCs) were 

prepared and assessed simultaneously in triplicate. 

Ammonium was assessed by a modified version of the Phenate Method (4500-NH3 F.) in 

Standard Methods (APHA, 1998). Nitrate was assessed by a modified version of the Automated 
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Hydrazine Reduction Method (4500-N~- H.). Phosphate was determined using a method 

modified from the Stannous Chloride Method (4500-P D.) given by APHA (1998). Silicate was 

determined with a method modified from the Molybdosilicate Method (4500-Si~ C.) 

documented by APHA (1998). 

The optical densities from each set of analyses were compared to the simultaneously prepared 

calibration curve for each nutrient to determine inorganic nutrient concentrations in mg/L. 

4.1.1.4 Analysis of physical and chemical characteristics 

The initial values for raw water alkalinity, conductivity, total dissolved solids (TDS), salinity, 

and turbidity were recorded. 

Alkalinity was measured by titration method in raw water via the sulphuric acid (0.02 N) -

methyl purple indicator method (2320 B., APHA, 1998) as milligrams of calcium carbonate per 

litre of water (mg CaCO:JL). 

Conductivity, TDS, and salinity were measured using a calibrated Orion Model 115 electrode 

station as microseimens (J.LS), milligrams per litre (mg/L), and parts per thousand total salts (%o), 

respectively. 

Turbidity was evaluated using a Micro 100 Turbidimeter (HF Scientific, Inc., Fort Myers, FL) in 

terms of nephelometric turbidity units (NTU). The turbidimeter was calibrated daily. 

4.1.2 Microbial Analyses 

The growth of two microbial populations was monitored in each trial using a modified 

Heterotrophic Plate Count Spread Plate Method APHA Standard Method (3215 C., 1998). 

These included heterotrophs and chloramphenicol-resistant bacteria that were tentatively 

identified as P. cepacia. These communities were spread-plated in dilution series at the start and 

end of the first trial and twice per week in the second trial. 
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The frequency of microbial analysis was increased in the second trial in an effort to prove that 

biodegradation of the target compound was due to 2,4-D-induced microbial growth. The growth 

of microbial populations in a blank river water sample in which no 2,4-D had been added and in a 

representative bioreactor sample in which 2,4-D was added was compared to prove this fact. 

Heterotrophic plate counts (HPCs) were completed on R2A agar from Difco Laboratories in 

Detroit, MI. Pseudomonads were grown on R2A amended with 50 mg/L of chloramphenicol 

(C11H12ChN20 5)-an antibiotic to which P. cepacia bacteria are known to be resistant (Palleroni, 

1992). 

Powdered R2A agar was dissolved in fresh Milli-Q® water at the concentration specified by Difco 

Laboratories. Each media bottle of agar was then autoclaved on the liquid cycle for 20 minutes. 

The chloramphenicol antibiotic was added once the agar was cool to the touch. This was an 

essential step in the microbial preparation process since chloramphenicol, like other proteins, 

dissociates and becomes ineffective at high temperatures. 

Once cool to the touch, each agar solution was poured into sterile petri dishes in a 90% ethanol

scrubbed laminar flow fume hood and allowed to gel. All plates were stored· in sealed plastic 

bags at 4°C prior to use. Twenty-four hours prior to microbial plating, the plates were set out in 

the laminar flow fume hood to dry. 

Dilutions of the microbial communities were prepared in 9.0 mL of autoclaved phosphate buffer 

solution. Volumes of 1.0 mL from each water sample were pipetted into the first dilution blank 

using buffered, autoclaved pipette tips. 

From here, the solution was vortexed and 1.0 mL from this first inoculated dilution blank was 

added to the second. This process proceeded to produce four sets of inoculated dilution solutions. 

Another set of buffered, autoclaved pipette tips was used to measure 0.1 mL of the inoculated 

solutions onto the appropriately labelled agar plates. Microbial populations were spread evenly 
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over the agar plates with a metal spreader. The metal spreader was cleaned after each plate 

through a process of submerging in 70% ethanol, then dipping into fire to flame excess ethanol 

from the spreader. 

Plates were allowed to dry for a period of up to 30 minutes before being stacked and re-sealed in 

the plastic bags. The plates were maintained at room temperature for a period of seven days 

before microbial populations were counted (APHA, 1998). 

4.2 Experimental Design 

The laboratory set-up was designed for fume hood experimentation of 2,4-D biodegradation in 

South Saskatchewan River water. The experimental design was based primarily upon the 

availability of space and equipment, including glassware. 

Several small volume (125 mL) Erlenmeyer flasks were acid washed and autoclaved prior to the 

experiment. The flasks were intended to act as static bioreactors in which the rate and extent of 

2,4-D biodegradation could be observed under several water quality conditions. The raw river 

water in the bioreactors was amended with an acid or base, and/or humic acid at prescribed 

concentrations in each experiment. Once the amended river water was added to the flasks, the 

bioreactors were placed in a fume hood where they remained for the majority of each experiment. 

Figure 4.3 is a photograph of the static bioreactors in the fume hood during the first experiment. 

All experimentation took place under a constant fluorescent light source at room temperature 

(19°C ± 2°C). 
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Figure 4.3. Experimental set-up in a fume hood in an NWRI laboratory. 

Any bioreactors that had to be removed from the fume hood for analysis purposes were held at 

room temperature under ambient light conditions. No flask was removed from the fume hood for 

a period exceeding 15 minutes in either experiment. The majority of bioreactors did not leave the 

fume hood for water quality analysis more than four times (i.e., for pH analysis in the second 

experiment). 

The three bioreactors that were analysed for microbial activity in the second trial-one blank 

river water sample and one of the two non-amended bioreactors that initially contained 7.5 mg!L 

of 2,4-D-were taken to the laminar flow fume hood ten times in the second experiment. 

All of the bioreactors were sealed with latex stoppers that were removed only for short periods of 

time during which 100 IlL water samples were taken for HPLC analysis or larger volumes were 

collected for microbial or organic carbon analysis. 
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On average, each bioreactor was opened to the air and manually shaken once per day in order to 

collect the water required for HPLC analysis. These water samples were pipetted into small

volume amber GC vials that were stored at 4 oc prior to same day HPLC analysis. 

4.2.1 Materials 

Granular 2,4-D acid and humic acid were purchased from Aldrich Chemical Company 

(Milwaukee, WI). The primary metabolite, 2,4-dichlorophenol (2,4-DCP), was ordered from 

Riedel-de Haen in Germany. 

Analytical grade methanol was purchased from Fisher Scientific (Fair Lawn, NJ) and glacial 

acetic acid from BDH, Inc. (Toronto, ON). 

R2A agar was acquired from Difco Laboratories in Detroit, MI. Chloramphenicol for the agar 

amendments required for P. cepacia isolation was purchased from Sigma Chemical Company 

(St. Louis, MO). 

All remaining chemicals required for nutrient and other water quality analyses were purchased 

from either BDH, Inc. or Sigma Chemical Company. 

4.2.2 Sample Preparation 

Replicate samples of each water quality condition were monitored in the static bioreactors over 

two six-week trial periods beginning on April 12 and June 14, 1999. Each 125 mL Erlenmeyer 

flask contained 120 mL of river water plus any prescribed amendments including a very small 

volume of either acid or base, humic acid, and 2,4-D. 

Three pH values were monitored in each trial including the ambient pH and two amended levels. 

The effects of extreme pH values ( 4.5 and 11.5) were examined in the first trial, while more 

moderate pHs (6.5 and 7.5) were examined in the second. The pH values were adjusted using 
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concentrated hydrochloric acid (HCl) to reduce the pH and caustic soda (12.5 M NaOHaq) to 

increase the pH. 

Increased acidity was achieved in the bioreactors by adding volumes of 5, 10, and 25 J.LL of 

concentrated HCl to the water samples to adjust the pH as desired to 7.5, 6.5, and 4.5, 

respectively. Caustic soda (12.5 M NaOHaq) in the amount of 25 J.LL was added to the 

appropriated flasks to create the pH of 11.5 in the first experiment. 

Three organic carbon contents were also analysed in each of the trials. Concentrations of 5 and 

10 mg/L of humic acid were added to chosen bioreactors while other water samples remained at 

the ambient DOC concentration of approximately 3.5 mg/L. 

An aqueous humic acid solution was prepared by mixing granular HA from the Aldrich Chemical 

Company, Inc. (Milwaukee, WI) with ultrafiltered, autoclaved water (Milli-Q®). This solution 

was prepared at a concentration of 311.5 mgiL and stored in an amber bottle at 4°C. The 

aqueous HA stock was freshly prepared for each experiment. 

In combination, the three pH conditions and three organic carbon concentrations resulted in the 

nine water quality conditions shown in Table 4.1. Each of these was evaluated in duplicate and 

under each of two initial2,4-D concentrations. 

Table 4.1. Water quality combinations evaluated in the bioreactors for 2,4-D biodegradation kinetics. 

Water quality combinations 
April experiment June experiment 

non-amended non-amended 
pH increased to 11.5 pH decreased to 7.5 
pH decreased to 4.5 pH decreased to 6.5 
5 mg/L of HA added 5 mg/L of HA added 
10 mg/L of HA added 10 mg/L of HA added 
pH to 11.5; 5 mg/L of HA added pH to 7 .5; 5 mg/L of HA added 
pHto 11.5; 10mg/LofHAadded pHto7.5; 10mg/LofHAadded 
pH to 4.5; 5 mg/L of HA added pH to 6.5; 5 mg/L of HA added 
pH to 4.5; 10 mg/L of HA added pH to 6.5; 10 mg/L of HA added 
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2,4-D was added to each sample at either 6.5 or 12 mgiL in the April trial and at either 7.5 or 

12.5 mgiL in the June trial. These concentrations were chosen based upon HPLC detection limits 

and the experimental designs of previous research (Mangat and Elefsiniotis, 1999; McTernan and 

Pereira, 1991). 

2,4-D stock solutions were prepared by adding 311.5 mg of 99% purity 2,4-D (Aldrich Chemical 

Company, Milwaukee, WI) to one litre ofultrafiltered, autoclaved water. Volumes of 2,4-D were 

added to the bioreactors in volumes calculated to result in the desired concentration using the law 

of conservation of mass. 

Stock solutions of 2,4-D were stored in amber bottles at 4°C and were prepared fresh for each 

experiment. 

Since duplicates of each of the nine water quality combinations shown in Table 4.1 were 

prepared under each of the two imposed 2,4-D concentrations, a total of thirty-six bioreactors 

were monitored during each trial. That is, there were nine quality possibilities multiplied by two 

bioreactors under each quality condition multiplied by the two possible 2,4-D concentrations to 

equal a total of thirty-six. 

4.2.3 Controls and Blanks 

Static control systems were evaluated under the same water quality conditions as described for 

the bioreactor systems. The controls were designed to determine the extent of 2,4-D volatilisation 

and/or sorption to the glass bioreactors and latex stoppers, as well as to dispel any notions that 

the minimal light source could be responsible for loss of 2,4-D from the bioreactors. 

During the first experiment conducted in April, 1999 one set of controls was employed. These 

controls were created with autoclaved Milli-Q® water. Equal volumes of acid or base, HA, and 

2,4-D were added to the controls as to the bioreactors. However, because there are essentially no 
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ions in the ultrafiltered Milli -Q® water, the resultant pH values in each control reactor did not 

adequately represent the water quality conditions in the corresponding bioreactors. 

To better represent the conditions in the bioreactors, an additional set of controls was prepared 

for the second experiment conducted in June, 1999. This set of controls was created with 

unfiltered double-autoclaved river water under the same conditions prescribed for the bioreactors. 

Two Milli-Q® controls amended with only 2,4-D were also monitored during the second trial. 

Blank samples of the raw river water were also monitored during each experiment. These 

samples were not amended 

All of the blank samples were analysed by HPLC simultaneously with the bioreactors to ensure 

that no cross-contamination of 2,4-D occurred during sampling procedures or through 

volatilisation of the substrate. 

As well, the blank samples were evaluated twice per week for microbial activity to ensure that 

2,4-D biodegradation was a result of substrate-induced microbial growth in the second 

experiment. The microbial growth in the raw water of the blank reactors was expected to be 

much lower in comparison to that in the 2,4-D amended water samples. 

Daily samples of 100 J.LL were taken from each manually shaken control and blank reactor for 

HPLC analysis. All of these collected samples were stored in small-volume amber GC vials at 

4°C prior to same day HPLC evaluation. 

4.3 HPLC Analysis 

A Waters HPLC model 600E system controller with a Waters 484 Tunable UV absorbance 

detector was employed to quantify the 2,4-D concentrations in the water samples. Ultraviolet 

absorbance was set at 227 nm. Figure 4.4 is a photograph of the HPLC equipment. 
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Figure 4.4. Photograph of HPLC equipment used for 2,4-D quantification. 

The eluents were sparged with helium at 100 rnUmin for 30 minutes prior to analysis and at 30 

mL/min during analysis. The mobile phase was 65% methanol and 35% 0.01M acetic acid at a 

flow rate of 1 rnUmin. The stationary phase was a Waters Nova-Pak® C18 column (3.9 x 150 

mm) preceded by a Guard-Pak® Insert. 

Under these conditions, 2,4-D eluted at approximately 2.1 minutes with a detection limit of 0.1 

mg/L. 2,4-DCP standards eluted at approximately 3.4 minutes with a comparable detection 

limit. Therefore, the run time for analysis of each sample was set at 4.0 minutes to ensure that 

2,4-DCP, if present, would be detected simultaneously with the 2,4-D. 
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Samples of 35 J.lL were manually injected into the HPLC using a Hamilton 805 RNW syringe for 

Waters U6K Injectors (Hamilton Company, Reno, NV). In most instances, the HPLC analysis 

was completed the same day as samples were taken from the bioreactors. 

Samples were collected for analysis at least five times per week, increasing in frequency once 

biodegradation had begun. In some cases, water samples were collected three or four times per 

day from the bioreactors to construct decay curves from the resultant HPLC chromatographs. 

Quantification of the 2,4-D peaks on the chromatographs was achieved using HP ChemStation 

for LC software (Rev.A.06.03 [509]). Calibration curves were prepared at least weekly and in 

the range of 0.1 mgiL to 25 mg/L. Chromatographic peaks corresponding to a detection limit of 

0.1 mg/L of 2,4-D were easily quantifiable using the ChemStation software. 

Standard and stock solutions of the acid forms of both 2,4-D and 2,4-DCP were prepared using 

autoclaved Milli-Q® water. Standards and stocks were stored in amber bottles at 4°C for not 

more than 6 weeks. 

4.4 Kinetic Calculations 

The rate of 2,4-D biodegradation in each of the bioreactors was calculated from graphs 

describing the first -order kinetics observed in each biodegradation trial. First -order reactions 

describe the rate of disappearance of some compound, C (mg!L), as: 

-d[C] = k[C] 
dt 

where: t is the time required for degradation (hours), and 
k is the decay constant (dimensionless). 

Eq. 4-1 

By integrating between the initial time and some given point in time, Equation 4-1 may be 

rewritten as: 

Eq. 4-2 
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where: Co is the initial substrate concentration (mg/L), and 
C1 is the substrate concentration at a given time (mg/L). 

The graph of this integrated equation plots the natural log of C/Co versus the time required for 

the reaction to reach the given time. The resultant plot is a straight line that passes through the 

origin. 

The decay constants for each bioreactor in both experiments were calculated from the slope of 

that straight line. SigmaPlot (version 4.0) software was employed to perform the graphing and 

calculation functions. The coefficient of variation (r) for each kinetics plot was examined to 

confirm conformance of the reactions to first -order kinetics. 

The half-life values were calculated from the decay constants via Equation 4-3. 

ln2 0.693 
tl/2 =-=--

k k 
Eq. 4-3 

where: t112 is the half-life (hours). 

The decay constants and half-lives of 2,4-D were calculated for each set of water quality 

conditions in both experiments. The average of those values for matching duplicate bioreactor 

conditions were calculated and used to compare the effects of each imposed water quality 

condition. 



5. RESULTS AND DISCUSSION 

The effects of imposed 2,4-D concentration, pH, organic carbon content, microbial growth 

patterns, and season were determined in relation to the calculated 2,4-D decay constants using the 

data from the two laboratory biodegradation trials. Microbial action in both experimental trials 

resulted in first-order kinetics decomposition of the parent material in raw South Saskatchewan 

River water. 

The microbial acclimation period recorded in the first trial was significantly shorter than that 

recorded in the second. Ten days were required for acclimation in the first trial; eighteen for the 

second. These were comparable to others found in published research. In their work with 

lakewater, Chen and Alexander (1989) observed an eighteen day acclimation period, and several 

other scientists have observed similar results in freshwater trials (Mangat and Elefsiniotis, 1999; 

Ka, et al., 1994; Ramadan, 1994). 

Once the microbial acclimation was complete, biodegradation of the 2,4-D substrate occurred 

rapidly. The half-lives in most instances were between twenty-nine and forty-four hours. These 

values are comparable to those published by Mangat and Elefsiniotis (1999), Ka, et al.(1994), 

and Ramadan (1994). Health and Welfare Canada (1993) reported an average half-life of 2,4-D 

in water of less than one week. 

The U.S. EPA (1995) reported that 2,4-D was persistent in water between ten and fifty days. 

The total amount of time required for biodegradation of 2,4-D (i.e., acclimation plus 

mineralisation) observed in Soutb Saskatchewan River water were within this range given for 

other natural waters. 

Table 5.1 outlines the averages of the half-live values in hours obtained in both laboratory trials. 
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Table 5.1. Calculated average half-life (t112) values at each 2,4-D concentration. 

Sample description 

non-amended 
5 mg/L HA added 
10 mg/L HA added 
pH decreased to 7.5 
pH decreased to 6.5 
pH decreased to 7 .5; 5 mg/L HA 
pH decreased to 7.5; 10 mg/L HA 
pH decreased to 6.5; 5 mg/L HA 
pH decreased to 6.5; 10 mg/L HA 

Average half-life (tll2) values in hours 
6.5 mg/L 7.5 mg/L 12 mg/L 

32.17 ± 0.67 35.09 ± 0.27 29.62 ± 0.13 
30.13 ± 0.26 36.57 ± 0.10 31.79 ± 0.15 
30.13 ± 0.00 43.72 ± 0.14 34.31 ± 0.17 

N/ A 40.29 ± 0.00 N/ A 
N/A 31.57 ± 0.22 N/A 
N/ A 40.53 ± 0.24 N/ A 
N/A 39.71 ± 0.11 N/A 
N/A 38.98 ± 1.31 N/A 
N/A 33.25 ± 0.56 N/A 
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12.5 mg/L 
39.15 ± 0.11 
38.16 ± 0.54 
37.87 ± 0.21 
41.01 ± 0.24 
33.56±0.08 
37.61 ± 0.10 
39.26 ± 0.11 
37.77 ± 0.10 
40.53 ±0.24 

In both trials, non-amended and low pH (6.5) river water appeared to display the best 

biodegradation results. The addition of humic acid and/or moderate pH adjustments (pH 7 .5) did 

not appear to significantly affect the rate of 2,4-D metabolism. 

In the cases of extreme pH amendments (4.5 and 11.5) in the first trial, no biodegradation was 

observed due to microbial mortality. Precipitation of the 2,4-D salt occurred at the basic pH, but 

no obvious removal, by either biotic or abiotic means, was observed in the highly acidic samples. 

In all situations, excluding the extreme pH adjustments, the 2,4-D-degrading microbial 

populations increased significantly in response to the addition of the substrate. Since microbial 

populations in the blank samples did not mirror this response it ·was concluded that certain 

microbial strains grew largely due to the addition of 2,4-D to the water samples. This statement 

is supported in tables and figures that follow. 

The controls in each biodegradation trial did not display any significant degradation effects. In 

all cases, the concentration of 2,4-D in the controls remained static throughout each trial. No 

responsive differences were observed between the two sets of controls (autoclaved Milli-Q® water 

and double autoclaved river water). 
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A detailed comparison of the results from the spring, 1999 and summer, 1999 static 

biodegradation trials follows. An analysis of baseline water quality and microbial acclimation 

along with the effects of amended DOC contents, adjusted pH values, and the addition of 2,4-D 

concentrations were assessed. The lack of conclusive 2,4-DCP identification is addressed, and an 

examination of the results from the control and blank reactors is given. 

5.1 Baseline Water Quality 

The quality of the water samples collected at the two trial sites did not significantly differ, as 

shown in Table 5 .2. 

Historical values that describe the average water quality of the South Saskatchewan River water 

for the most recent ten years on record are also given for purposes of comparison. The spring 

values indicate the results of analyses conducted by the City of Saskatoon Water Treatment Plant 

in early May; summer values indicate early August water quality. 

Because the water quality of the samples taken in April and June, 1999 did not differ significantly 

from each other, the effects of seasonality were essentially negated for the purposes of analysis. 

The two water samples were collected from different locations to assess whether or not there was 

a significant water quality difference downstream of the Saskatoon Water Treatment Plant 

(SWTP). In the water sample taken in April, 1999, the pH level was quite high at 8.4. After 

analysis of the water sample taken in June, 1999 and in comparison to the historical water quality 

figures, it was determined that the natural ambient river pH remains slightly basic every year. 
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Table 5.2. Ambient South Saskatchewan River water quality. 

Water guali!l: ,earameter April 12, 1999 Averase s_erins June 14, 1999 Averase summer 
pH 8.4 8.46 8.4 8.50 
ooc 3.5 mg-CIL 3.0mg-CIL 3.4 mg-C IL 2.6mg-CIL 
total organic carbon (TOC) 4.8 mg-CIL 5.1 mg/L 
heterotrophs 2000 I mL 6701mL 3000 I mL 17401mL 
Pseudomonas cepacia 501mL 301mL 
nitrate 0.142 mg-N I L 0.162 mg-N I L 0.155 mg-N I L 0.317 mg-N I L 
ammonium Omg-N IL 0.257 mg-N I L Omg-N IL 0.370 mg-N I L 
phosphate 0.112 mg-P I L 0.012 mg-P I L 0.187 mg-P I L 0.006 mg-P I L 
silicate 0.916 mg-Si I L 0.954 mg-Si I L 
alkalinity (as CaC03) 150 mg/L 156 mg/L 155 mg/L 143 mg/L 
salinity 0.20%o 0.20 %o 
total dissolved solids (TDS) 189 mg/L 279mg/L 212 mg/L 261 mg/L 
turbidity 3NTU 4.2NTU 3NTU 4.5NTU 
conductivity 406J,.LS 4511!:§ 447J,.LS 428J,.LS 

Willey (1999) confirmed that the river water had historically exhibited relatively basic pH values. 

He stated that in his more than twenty years of South Saskatchewan River water analysis, the pH 

has remained between 8.4 and 8.6 standard units. It is possible that the source of the basic pH in 

the river water is related to the influence of high alkalinity and TDS due to mineral dissolution. 

Although some of the water quality results from the 1999 analyses were comparable to those 

indicated by the historical averages (i.e., pH and other physical parameters), the results of the 

nutrient concentrations (including DOC) and microbial assessments in 1999 river water deviated 

slightly from those values. 

In general, the nitrogen-based nutrient concentrations of 1999 river water were reduced in 

comparison to the historical values, however, the phosphate concentrations were enhanced. The 

results from each water sample collected in 1999 display similar inorganic nutrient 

concentrations in comparison to each other, though. 

Ambient numbers of microbial communities also did not differ greatly between the spring and 

summer collections in 1999. In comparison to historical values, the 1999 river water contained 

significantly larger microbial populations than expected. An exceptionally mild winter ( 1998-

1999) could have been responsible for the higher than expected microbial populations. 
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The proportion of P. cepacia colonies in comparison to total heterotrophic colonies in the 1999 

water samples was significant for the purposes of this study. Larger proportions of P. cepacia in 

the spring water appeared to effect shorter acclimation periods for 2,4-D biodegradation. 

Pseudomonas cepacia comprised 2.5 % of the total heterotrophic community in the ambient 

spring water, but only 1.0% in the summer water. 

Ambient DOC concentrations in the 1999 water samples were not significantly different from 

each other. The spring water displayed only 2.9% more DOC than did the summer sample. In 

comparison to the historical DOC values, the 1999 point sample results were slightly higher. The 

spring DOC content was 14.3 % higher than the average and the summer value was 23.5% 

higher. 

The 1999 TOC values displayed a difference of 5.9% from each other. The method applied for 

TOC analysis did not account for any settling of particulate organic matter to the bottom of 

samples awaiting analysis. Therefore, these values must be interpreted as minimum 

concentrations. 

All of the other chemical parameters, including salinity, alkalinity, and conductivity, and physical 

parameters, including TDS and turbidity, were similar within comparison of the 1999 samples to 

each other and also in comparison to the historical values. 

5.2 Microbial Acclimation 

In both experiments, no adverse effects on the growth of the indigenous microbial communities in 

the static bioreactors were observed due to either of the imposed car~n supplements-the 2,4-D 

and humic acid-or any other laboratory conditions. 
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In all but the extreme pH trials, the bacterial populations adapted to the imposed conditions with 

little difficulty and proceeded to transform the 2,4-D supplements after acclimation periods 

ranging between ten and nineteen days. 

During the first experiment, heterotrophic plate counts (HPCs) and chloramphenicol-resistant 

bacterial enumeration were conducted on the raw water sample taken on April12, 1999 and then 

again at the conclusion of biodegradation on May 3, 1999. Although microbial growth was not 

closely monitored throughout the first 2,4-D biodegradation trial, it was assumed that 2,4-D 

biodegradation occurred once the P. cepacia population had achieved an optimum concentration. 

This assumption was based upon the findings of Nyholm, et al. (1992) relative to their 

experiments with biodegradation of 2,4-D in activated sludge reactors. The fact that 2,4-D was 

not degraded in some cases led this group of scientists to conclude that microbial adaptation had 

not occurred in those cases. They added that it was logical to assume that microbial degradation 

had been successful in those cases in which 2,4-D biodegradation was observed. 

Thus, in the first experiment, the acclimation period was determined to be between ten and eleven 

days through reasoning presented by Nyholm, et al. (1992). Once the 2,4-D loss from most of 

the bioreactors became noticeable after ten days of laboratory incubation, it was assumed that 

microbial acclimation was complete. 

The microbial acclimation results of the second 2,4-D biodegradation experiment were similar to 

those of the first trial, except that a longer acclimation period of eighteen days was required 

before the inception of 2,4-D biodegradation. This longer acclimation period was most likely due 

to the lower proportion of chloramphenicol-resistant bacteria originally present in raw river water 

collected on June 14, 1999. 

The process of microbial adaptation to the presence of 2,4-D and other imposed water quality 

and environmental conditions was closely observed in the second experiment through the use of 
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microbial plating twice per week. Evaluation of the microbial populations growing in one of the 

blank samples and in one representative bioreactor sample was achieved on each Tuesday and 

Friday during the experiment. 

The bioreactor set chosen to represent the approximate microbial growth patterns expected in 

each bioreactor was that of the two non-amended flasks containing 7.5 mg/L of 2,4-D. It was 

presumed that these bioreactors would yield comparable results to those expected under the more 

complex imposed water quality conditions. 

The chloramphenicol-resistant bacteria, P. cepacia, grew rapidly to a maximum of 1400 colonies 

per mL of 2,4-D amended water following the short lag period. Figure 5.1 displays the curve 

that represents that growth. 

After 400 hours of incubation, the microbial population in the bioreactors was of sufficient size 

to begin a noticeable and rapid transformation of the 2,4-D. 
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Figure 5.1. Growth of P. cepacia in the non-amended bioreactors at 7.5 mg/L of 2,4-D versus time. 

On June 25 (approximately 260 hours), the plot depicts the onset of rapid microbial population 

growth. 2,4-D biodegradation occurred between July 2 (- 430 hours) and July 13 (- 700 hours), 

1999 and coincided with the rapid growth and decline of the P. cepacia colonies in the 

bioreactors shown in Figure 5.1. 

The rate of biodegradation increased as the population grew to an optimum size based on nutrient 

availability. As 2,4-D biodegradation neared completion and the carbon source was depleted the 

population size began to decrease. 

Table 5.3 lists the numerical results of microbial assessments conducted on the representative 

non-amended bioreactors. 
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Table 5.3. Results of microbial analyses conducted on the non-amended bioreactors in the second trial. 

Date 
June 14 
June 18 
June 21 
June 25 
June 29 
July2 
July6 
July9 
July 13 
July 16 

All values are given as colonies I mL. 

Heterotrgghs 
3.0 X 10 
7.0 X 103 

3.3 X 104 

4.0 X 104 

7.0 X 104 

1.0 X 105 

1.2 X 105 

1.3 X 105 

9.0 X 104 

6.0 X 104 

P. cepacia 
30 
20 
65 

500 
700 
1000 
1400 
1400 
1100 
800 

Although the microbial growth patterns were not closely monitored during the first trial, the 

pattern of 2,4-D biodegradation was similar to that observed in the second trial (Table 5.1). In 

view of the similarities between the results of both the first and second trial and the bioreactor 

sets observed during each trial, it was concluded that microbial growth followed a similar pattern 

in each of the bioreactor sets monitored during each experiment. Figure 5.1 and Table 5.3 give 

more detailed results of the microbial analyses conducted during the second experiment. 

Through this intensive analysis of microbial changes during the second 2,4-D biodegradation 

experiment, it was evident that after a short period of adaptation, the microorganisms began to 

proliferate. 

5.3 HPLC Analysis 

The chromatographs resulting from HPLC analyses were used to identify and quantify the 

presence of 2,4-D. These results were integrated and compiled to calculate the kinetics constants 

and half-life values for each prescribed water quality condition in both trials. 

Periodic analyses of the standard 2,4-D solutions were used to verify that the calibration curves 

did not drift significantly during either HPLC analysis period. However, in some instances, such 
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as the analysis of the basic water samples, the shape of the water dip at the start of the 

chromatographs were quite erratic. 

Figure 5.2 is an example of a chromatograph of a basic extract obtained during the first 

experiment. The first two peaks observed between 1.0 and 1.7 minutes are labelled the Hwater 

dip" and, under the chosen HPLC conditions, are good indications of the pH of an injected water 

sample. In this case, the erratic shape of the peaks indicates that the solution was highly basic. 

The third peak on this chromatograph (at 1. 985 minutes) is the peak of interest. This peak 

represents the concentration of 2,4-D in a particular water sample. The area under this peak was 

integrated and compared to prepared calibration curves to calculate the concentration of 2,4-D. 

2,4-D: 1.985 min 

0.5 1.5 2 2.5 3 3.5 4.5 

Time (minutes) 

Figure 5.2. Chromatograph of South Saskatchewan River water sample adjusted to pH 11.5. 

Precipitation of the 2,4-D salt was monitored in the highly basic bioreactor samples through 

HPLC analysis. At the initial pH of 11.5, the concentration of 2,4-D was less than the HPLC 

detection limit. A small concentration of the 2,4-D was noted as the pH in these bioreactors 

gradually lowered to the final pH of approximately 10.5. By the end of the first trial, the 2,4-D 

concentration was approximately 2.5 mg/L regardless of the initial 2,4-D concentration. 
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The water dips from the bioreactors in which either no amendments, or HA amendments, and/or 

moderate pH adjustments were made better represented the raw river water properties. Figure 

5.3 is a representation of a sample that had been both pH and DOC adjusted. 

2,4-D: 2.160 min 

0.5 1.5 2 2.5 3.5 

Time (minutes) 

Figure 5.3. Chromatograph of South Saskatchewan River water at an initial2,4-D concentration of 12.5 
mg/L, an additional 5 mg/L of humic acid, and amended to pH 7 .5. 

The shape of the water dip and substrate elution shown in this chromatograph are typical of the 

HPLC analysis results observed in the. non-amended and HA amended water samples in the first 

trial and all water samples analysed in the second trial. 

5.3.1 Controls and Blanks 

2,4-D eluted from the Milli-Q® control samples at approximately 2.3 minutes. The 

chromatographs of the Milli-Q® control samples indicated that no 2,4-D loss was experienced in 

either 2,4-D biodegradation experiment (i.e., there was negligible loss of mass in the control 

samples). 

Figure 5.4 shows the distinct water dip of the control samples prepared in ultrafiltered water. 
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2,4-D: 2.342 min 

0.5 1.5 2 2.5 3.5 4.5 

Time (minutes) 

Figure 5.4. Chromatograph of Milli-Q® control sample at 12 mg/L of 2,4-D. 

Analyses of the water from the double-autoclaved river water control reactors monitored in the 

second experiment resulted in similarly shaped chromatographs as that seen in Figure 5.3. 2,4-D 

eluted at approximately 2.1 minutes from these river water controls. 

Blank water samples did not indicate the presence of 2,4-D at concentrations above the HPLC 

detection limit of 0.1 mg/L. At this level of detection it was not possible to determine whether or 

not 2,4-D was biodegraded below the Canadian drinking water standard of 0.1 mg/L. 

5.3.2 Identification of 2,4-DCP 

Within the first twelve days of the first experiment, small chromatographic peaks appeared at 

approximately 3.3 minutes, in addition to the diminishing 2,4-D peaks at 2.1 minutes. The 

retention time of the 2,4-DCP authentic standard was approximately 3.4 minutes. 

HPLC analysis of 2,4-DCP standard solutions (ranging between 1 and 10 mg/L) indicated the 

probability that these peaks were indications of the increasing 2,4-DCP concentration in the 

bioreactors as the 2,4-D was biodegraded. The detection limit was similar to that of 2,4-D under 

the given HPLC conditions. 
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This phenomenon continued for almost one week until the guard column insert preceding the C18 

column was replaced. For the remainder of the first experiment and the whole of the second, the 

guard column insert was replaced after each set of 750 samples, or after every 15 days of HPLC 

analysis. 

After the initial replacement of the guard column insert, no further peaks appeared on the 

chromatographs after the 2,4-D eluted at 2.1 minutes. No indication of 2,4-DCP was noted in 

the second trial. 

Figure 5.5 is a chromatograph in which 2,4-DCP may have eluted at approximately 3.3 minutes. 

2,4-D: 2.051 min 

2,4-DCP: 3.297 min 

0.5 1.5 2 2.5 3.5 4.5 

Time (minutes) 

Figure 5.5. Chromatograph of a potential 2,4-DCP peak at approximately 3.3 minutes. 

Several previously published articles noted that although 2,4-DCP was not identified during 

HPLC analyses, it was assumed that 2,4-D biodegradation had occurred via the proposed tfd 

pathway (Shaw and Burns, 1998; Kamagata, et al., 1997; Ditzelmuller, et al., 1989). 

Despite inconclusive 2,4-DCP identification during HPLC analysis of the 2,4-D biodegradative 

process in South Saskatchewan River water, it was assumed that the biotransformation of the 

2,4-D occurred according to the proposed tfd pathway. Microbial analyses indicated the growth 
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of a chloramphenicol-resistant population in response to the presence of 2,4-D. This same 

microbial population diminished as the 2,4-D disappeared from the bioreactors (Figure 5.1). 

5.4 The Effects of Initial 2,4-D Concentration 

South Saskatchewan River water was expected to contain ambient 2,4-D concentrations similar 

to those noted by Grover, et al. (1997) who reported that the maximum 2,4-D concentration 

found in farm dugouts and ponds in Saskatchewan in the late 1980's was approximately 2.67 

J.lg/L. Initial HPLC analyses of the natural river water confirmed that the ambient 2,4-D 

concentration was less than the detection limit of 0.1 mg/L. 

2,4-D stock solution was added to the static bioreactors in concentrations ranging from 6.5 mgiL 

to 12.5 mgiL in an attempt to discern whether or not substrate concentration had a direct effect 

on 2,4-D decay kinetics. From their experiments conducted with 2,4-D in water, McTernan and 

Pereira (1991) concluded that 2,4-D removal rates were inversely proportional to the initial 

concentration of the pesticide. They noted that 2,4-D concentrations exceeding 5 mgiL could 

have a toxic effect on bacteria but that once the bacterial population was acclimatised to the 

substrate, the increased pesticide concentrations offered higher energy levels and were quickly 

degraded (McTernan and Pereira, 1991). 

The initial concentration of 2,4-D in the bioreactors appeared to have a slight effect on the rate of 

microbial degradation. The higher 2,4-D concentration in each trial required approximately 24 

hours extra for both complete microbial acclimation and the start of noticeable biodegradation to 

begin than did the lower 2,4-D concentrations. These results conform to the theory posed by 

McTernan and Pereira (1991). 

In the first trial, the indigenous microbial populations in the water samples containing 6.5 mgiL 

of 2,4-D initiated biodegradation after ten days. Eleven days were required prior to the onset of 

2,4-D biodegradation in those bioreactors containing 12 mg/L of 2,4-D initially. In the second 
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experiment, microbial acclimation ranged between eighteen and nineteen days. The bacteria 

acclimated to the 2,4-D concentration of 7.5 mg/L in eighteen days, but required nineteen days 

for the 2,4-D concentration of 12.5 mg/L. 

However, the results of HPLC and kinetics calculations discussed in section 5.4.1 showed that 

2,4-D biodegradation from the South Saskatchewan River water seldom conformed to the key 

statement made by McTernan and Pereira (1991). These researchers stated that 2,4-D removal 

rates were expected to be inversely proportional to the initial concentration of the pesticide. It is 

not possible to state definitively, however, that 2,4-D biodegradation from South Saskatchewan 

River water contradicts the findings of McTernan and Pereira ( 1991) due to the small number of 

both samples and initial substrate concentrations observed in this study. 

5.4.1 Kinetic Calculations 

The concentration of 2,4-D in each bioreactor was calculated and compiled daily. The natural 

log of the daily 2,4-D concentration relative to the initial2,4-D concentration was calculated and 

plotted versus time. 

Figure 5. 6 is a sample plot of the biodegradation kinetics results of the non-amended bioreactors 

during the first trial. 
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Figure 5.6. Kinetics plot of non-amended water sample at 6.5 mg/L of 2,4-D. 
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Decay constants (k) of -0.0220 and -0.0211 were calculated from the straight-line regression 

shown in Figure 5.6. The 4.1% difference in these values show negligible difference between the 

results observed between the duplicates of the bioreactor set. Since the difference between these 

results was less than 5%, for practical purposes the rate of microbial degradation in each 

duplicate bioreactor was considered equal. 

Results from the first 2,4-D biodegradation experiment show that 2,4-D was biodegraded more 

rapidly at the initial 2,4-D concentration of 6.5 mg/L,- with the exception of the results from the 

non-amended reactors. Since, in the first experiment, 2,4-D biodegradation was not successful in 

the majority of the bioreactors, it was not possible to confirm the McTernan and Pereira (1991) 

theory stating that the rate of 2,4-D biodegradation is inversely related to the initial concentration 

of 2,4-D in a natural water environment. 
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In the second trial, the non-amended bioreactors conformed to the theory posed by McTernan and 

Pereira (1991). However, once again there was no identifiable pattern as to the biodegradation of 

2,4-D with respect to the initial concentration 

The values for the decay constant at each imposed 2,4-D concentration and the corresponding 

coefficient of variation (r) are given in Table 5 .4. 

Values of the coefficient of variation (r) were near unity indicating that the equation for first

order kinetics provided a good description of the relationship between the independent and 

dependent variables. The r values demonstrated that, as previously described in the literature, 

the biodegradation of 2,4-D adhered to the fundamental rules of first -order kinetics. 

Table 5.4. Decay constants (hours-1
) and coefficients of variation for all bioreactors at the four imposed 

2,4-D concentrations. 

Sample description Averase k and? values at each 2,4-D concentration 
6.5 m~/L 7.5 m~/L 12m~/L 

ri 
12.5 m~/L 

k ? k ri k K ? 
non-amended 0.0216 0.9859 0.0198 0.9931 0.0234 0.9899 0.0178 0.9659 
5 mg/L HA added 0.0230 0.9916 0.0190 0.9815 0.0218 0.9719 0.0180 0.9703 
10 mg/L HA added 0.0230 0.9942 0.0159 0.9668 0.0202 0.9922 0.0183 0.9845 
pH decreased to 7.5 N/A N/A 0.0172 0.9939 N/A N/A 0.0169 0.9746 
pH decreased to 6.5 N/A N/A 0.0220 0.9907 N/A N/A 0.0207 0.9633 
pH to 7 .5; 5 mg/L HA N/A N/A 0.0171 0.9723 N/A N/A 0.0187 0.9743 
pHto7.5; 10mg/LHA N/A N/A 0.0175 0.9899 N/A N/A 0.0177 0.9702 
pH to 6.5; 5 mg/L HA N/A N/A 0.0178 0.9705 N/A N/A 0.0184 0.9741 
pH to 6.5; 10 mg/L HA N/A N/A 0.0209 0.9890 N/A N/A 0.0171 0.9580 

In the second trial, approximately half of the samples were biodegraded faster at the lower 2,4-D 

concentration. Therefore, it was concluded that the lower initial substrate concentration was not 

consistently degraded preferentially, contrary to the findings of McTernan and Pereira (1991). 

Higher average half-life values were calculated in the second trial (Table 5.1), but 2,4-D was not 

persistent under any of those prescribed treatments. Since most of the bioreactor sets displayed 
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quite similar 2,4-D degradation rates, it was concluded that 2,4-D was not persistent at ambient 

and near-ambient water quality conditions. 

The first-order kinetics results were vastly improved in comparison to those observed by Buser 

and Muller (1998). Buser and Muller (1998) showed that the expected 2,4-D half-life in Swiss 

lakes and rivers was estimated at 3.5 x 10-3 d 1
, indicating a half-life of approximately 200 days 

at temperatures between 20 and 23°C. 

Other scientists have shown results similar to those documented in the research presented here. 

Ramadan ( 1994) achieved first -order kinetics results within the same order of magnitude for the 

biodegradation of 10 mgiL of 2,4-D as observed in these experiments. 

In general, and with the exception of extreme pH adjustments, 2,4-D was biodegraded at 

approximately the same rate regardless of the initial 2,4-D concentration. In the first experiment, 

the average half-life was 31.36 ± 1. 77 hours; in the second it was 38.04 ± 3.08 hours. The 

overall average half-life from both experiments was 36.37 ± 4.05 hours (corresponding to an 

overall average kinetic decay constant of 0.0193 ± 0.0022 hour-1
). These values indicate the 

approximate rate of 2,4-D biodegradation from South Saskatchewan River water. 

5.4.2 Monod Kinetics 

An examination of the Monod kinetics relative to the results of first-order kinetics resulting from 

the 2,4-D biodegradation observed in the non-amended bioreactors during the second experiment 

was completed. This exercise showed that first -order kinetics and Monod are both applicable and 

give similar results for the mathematical description of 2,4-D biodegradation. 

As described in chapter 3, the values derived from Monod kinetics are essentially first-order when 

the saturation constant (Ks) is very small (as was the case in these experiments). Therefore, the 

specific growth rate (J.L) was equal to the maximum growth rate Utmax). From the results of 
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microbial analysis conducted on the non-amended bioreactors, the maximum growth rate was 

therefore calculated using Equation 3-2. 

The value of J.lmax during exponential microbial growth was calculated to be 0.31 hours-1
• This 

value is comparable to that determined for the degradation kinetics of 2,4-D as a sole carbon and 

energy source for Pseudomonas cepacia determined by Daugherty and Karel (1994). 

Because the microbial growth was not closely monitored in all of the bioreactors in either 

experiment, it was not possible to calculate the Monod kinetics for each water quality condition 

described by first-order kinetics. Considering the information gathered via HPLC analyses and 

limited microbial analyses in these experiments, the application of first-order kinetics was more 

appropriate in this instance. The application of first -order kinetics does not, however, preclude 

the application of Monod kinetics to similar experiments. 

5.5 The Effects of Humic Acid Amendments 

Dissolved organic carbon contents were enhanced by either 5 or 10 mg/L of HAas prescribed in 

the experimental design. Addition of an alternate carbon source at these concentrations did not 

appear to significantly affect the rate of 2,4-D biodegradation in South Saskatchewan River 

water, nor did it appear to induce co-metabolic conditions. In these experiments, the high 

solubility of humic acid may have enabled the use of humic acid as a co-solvent for 2,4-D in the 

bioreactors, thus making the 2,4-D more bioavailable to the microbial communities responsible 

for biodegradation. 

In the bioreactors dosed with 6.5 mgiL of 2,4-D, the rate of 2,4-D biodegradation was slower in 

the non-amended bioreactor than in the HA amended bioreactors. In the presence of additional 

HA in the first experiment, 2,4-D degradation occurred 6.3% more rapidly regardless of HA 

concentration. 
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The removal rate of 2,4-D from bioreactors amended at 12 mg/L of 2,4-D was slightly faster in 

the non-amended bioreactors than in those spiked with HA. The 2,4-D parent material in the 

non-amended bioreactors was biodegraded 6.8% faster than the bioreactors spiked with 5 mgiL 

of HA and 13.7% faster than those containing an extra 10 mgiL of HA. 

In the second experiment, 12.5 mg/L of 2,4-D was removed more quickly than 7.5 mg/L of 2,4-D 

at both 5 and 10 mg/L of HA in all but two instances. These two exceptions include the water 

samples dosed with only 5 mg/L ofHA as well as those at pH 6.5 dosed with 10 mg/L ofHA. 

All differences observed between the rates of 2,4-D biodegradation were minimal. Therefore, it 

was concluded that the presence of the alternate carbon source (i.e., HA) did not appear to 

detrimentally affect the rate of 2,4-D biodegradation, nor did it enhance 2,4-D biodegradation. 

5.5.1 Kinetic Calculations 

The rate of biodegradation did not differ significantly from the first experiment to the second In 

the first experiment, 2,4-D was biodegraded rapidly in the presence of an alternate carbon source 

without the benefit of pH adjustments. In the second, the overall rates of 2,4-D biodegradation 

were slower than those observed in the first trial, but were essentially unaffected by the presence 

of an alternate carbon source. 

Figure 5. 7 is a kinetics plot of the results from HA amended bioreactors in the first trial in which 

the biodegradation of 12 mg/L of 2,4-D were monitored. 

The straight-line regression of the 5 mg/L HA amended sample shown in Figure 5.7 resulted in 

decay constant (k) values of -0.0201 and -0.0203. This constituted a 0.99%, or negligible, 

difference and indicated excellent experimental reproducibility. The average coefficient of 

variation based on conformance to first-order kinetics was 0.9899. The complete list of the decay 

constants and coefficients of variation were given in Table 5.3. 
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Biodegradation of 7.5 mgiL of 2,4-D proceeded at a faster rate when spiked with 5 mgiL of HA 

versus 10 mgiL of HA At 10 mgiL of HA, the 2,4-D half-life was approximately 7.2 hours 

greater than that observed at 5 mg/L of HA. 
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Figure 5.7. Kinetics plot of a South Saskatchewan River water sample spiked with 5 mg/L humic acid 
and 12 mg/L of2,4-D. 

Alternatively, the half-lives of each 2,4-D concentration at 5 mg/L of additional HA and the half

life of 12.5 mg/L of 2,4-D at 10 mgiL of additional HA were not significantly different from each 

other. These half-life values of the HA amended water samples were close to the overall average 

value of 37.75 hours. 

From these results, it was determined that the presence of the HA alternate carbon source did not 

appear to detrimentally affect the rate of 2,4-D biotransformation. No inhibition or repression of 

the biodegradative pathway was apparent due to the addition of an alternate carbon source to the 

bioreactors. 
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Figure 5.8 is a histogram comparing the rates of 2,4-D biodegradation at each initial 

concentration spiked with both 5 and 10 mg/L of HA. 
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Figure 5.8. Histogram comparing biodegradation results under non-amended and HA amended 
conditions. 

The half-life values determined in these experiments were comparable to those calculated by 

Greer, et al. (1990) in their study of the effects of an alternate carbon source on 2,4-D 

biodegradation by P. cepacia. 

5.5.2 DOC and TOC Analyses 

The concentrations of DOC and TOC were assessed only at the start and conclusion of the first 

trial. In the second experiment, the frequency of analysis was increased to bi-weekly 

examinations. DOC and TOC concentrations were evaluated on this bi-weekly schedule since 

any more intense analysis would have required significant volumes of water for completion. At 

more than 15 mL of water required for each complete organic carbon quantification, weekly 

analysis was not feasible. 
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TOC values must be regarded as minimum values due to the method used Since the samples 

were allowed to rest in the autosampler prior to analysis, some of the particulate organic matter 

would have settled to the bottom of test tubes, resulting in TOC values that were lower than the 

actual value. 

Ambient DOC and TOC concentrations in the raw river water collected in April, 1999 were 3.5 

and 4.8 mg/L, respectively. The addition of 2,4-D and HA increased the DOC and TOC 

concentrations in the bioreactors. At 6.5 mgiL of 2,4-D, DOC and TOC values were 9.8 and 

11.2 mg of carbon per litre of water, respectively; at 12 mg/L, they were 15.2 and 16.8 mg-CIL. 

Since organic carbon analyses accounted for only the carbon atoms within the 2,4-D molecule, 

not the entire compound, the DOC and TOC values were not increased by exact factors of 6.5 or 

12 mg/L (the concentrations of 2,4-D added). Instead, the additions of total organic carbon 

concentrations were slightly less than 6.5 or 12 mg/L. 

The HA additions increased each value of DOC and TOC by 5 and 10 mg-CIL accordingly. 

Table 5.5 gives the average initial and final concentrations of both DOC and TOC from the first 

2,4-D biodegradation experiment. 

In those bioreactors that successfully achieved 2,4-D biodegradation, the decreases in DOC and 

TOC concentrations were expected. Modestov and Lev (1998) and Xing, et al. (1997) explained 

that as the 2,4-D was biodegraded, the carbon contained in the aromatic rings of the parent 

molecule was released to form carbon dioxide. 
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Table 5.5. Average values of DOC and TOC from the first 2,4-D biodegradation trial. 

Sample description Dissolved organic carbon Total organic carbon 

Start End Start End 
6.5 mgiL 2,4-D 
non-amended 9.81 3.12 11.2 4.4 
5 mg/L HA added 14.79 8.22 16.1 9.3 
10 mg/L HA added 20.04 13.28 21.7 14.9 
pH decreased to 4.5 9.92 10.34 11.1 11.5 
pH increased to 11.5 9.83 10.45 11.1 11.8 
pH to 4.5; 5 mg/L HA 14.81 15.67 16.2 16.2 
pH to 4.5; 10 mg/L HA 19.99 20.88 22.0 21.6 
pH to 11.5; 5 mg/L HA 14.96 15.56 16.6 16.9 
pH to 11.5; 10 mg/L HA 19.98 20.01 22.0 21.8 
12 mgiL 2,4-D 
non-amended 15.23 3.09 16.8 4.4 
5 mg/L HA added 20.36 8.01 22.0 9.0 
10 mg/L HA added 26.04 13.38 27.3 14.3 
pH decreased to 4.5 15.25 15.50 16.7 16.9 
pH increased to 11.5 15.28 15.52 16.5 16.6 
pH to 4.5; 5 mg/L HA 26.07 25.77 27.1 26.8 
pH to 4.5; 10 mg/L HA 30.33 30.11 27.2 31.2 
pH to 11.5; 5 mg/L HA 26.21 25.35 26.4 26.5 
pH to 11.5; 10 mg/L HA 29.95 30.02 31.9 31.8 

All organic carbon concentrations are in mg-CIL. 

The loss of organic carbon constituents from the bioreactors was concluded to be a direct 

consequence of 2,4-D biodegradation. Since the DOC and TOC concentrations at the end of the 

trial were similar to those calculated for the raw river water at the start of the trial, it was further 

concluded that the 2,4-D had been completely mineralised to carbon dioxide during the 

experiment. 

The bioreactors in which 2,4-D biodegradation was not successful demonstrated nearly static 

levels of both parameters from the start to the end of the experiment. The imposed conditions 

were such that a minimal number of microorganisms thrived, which translated into low nutrient 

demand in those bioreactors. 

The raw river water collected in June, 1999 contained ambient DOC and TOC concentrations of 

3.4 and 5.1 mg/L, respectively. Once again, the 2,4-D and HA amendments increased the 
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starting organic carbon concentrations in the various bioreactors according to the prescribed 

water quality treatment. 

Analyses throughout the second trial showed that the concentrations of DOC and TOC decreased 

as 2,4-D was biodegraded. Figure 5.9 shows the declining trend experienced in DOC during the 

second experiment. 
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Figure 5.9. Plot of IX>C results from the second 2,4-D biodegradation experiment. 

In the non-amended and pH adjusted bioreactors (i.e., no HA additions), the DOC concentration 

in those bioreactors at the end of the experiment (July 13) was essentially reduced to the initial 

ambient DOC concentration of 3.5 mg/L, as shown in Figure 5.9. This indicated that the loss of 
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organic carbon during the experiment was primarily due to the mineralisation of 2,4-D in 

solution. 

The same may be concluded from the HA amended bioreactors. In those bioreactors in which 

HA had been added, the final DOC concentrations were nearly equal to the DOC concentration 

expected in the absence of 2,4-D. That is, the final DOC concentrations in the HA amended 

bioreactors reflected the presence of ambient DOC (3.5 mg!L) and added HA (5 or 10 mg!L) 

only. 

The complete numerical results of bi-weekly DOC and TOC analyses in the second trial are 

shown in Table 5.6. 

Table 5.6. Results of bi-weekly DOC and TOC analyses during the second 2,4-D biodegradation 
experiment. 

Sample description Dissolved organic carbon (mg/L) Total organic carbon (mg/L) 
Jun 14 Jun29 Jul13 Jul16 Jun 14 Jun 29 Ju113 Jul16 

7.5 mgiL 2,4-D added 
non-amended 11.1 9.9 3.6 3.6 12.7 11.6 5.3 5.2 
pH decreased to 7.5 11.2 10.0 3.6 3.5 12.6 10.2 5.0 5.0 
pH decreased to 6.5 10.9 9.8 3.6 3.5 12.9 11.6 5.1 5.1 
additional 5 mg/L HA 15.8 12.7 8.4 8.4 17.5 15.1 10.2 10.1 
additional 10 mg/L HA 20.5 18.9 13.6 13.5 21.5 20.0 15.6 15.4 
pH at 7.5; 5 mg/L HA 15.9 13.8 8.5 8.5 17.9 15.4 10.3 10.1 
pHat7.5; 10mg/LHA 20.3 19.1 13.4 13.4 22.4 21.2 15.9 15.8 
pH at 6.5; 5 mg/L HA 15.9 12.8 8.8 8.7 17.2 14.8 10.1 10.1 
pH at 6.5; 10 mg/L HA 21.1 19.4 13.3 13.3 22.8 21.1 15.5 15.5 
12.5 mgiL 2,4-D added 
non-amended 18.5 16.2 3.6 3.4 20.3 18.6 5.1 5.1 
pH decreased to 7.5 18.4 16.2 3.4 3.2 21.0 17.8 5.2 5.1 
pH decreased to 6.5 18.4 16.3 3.8 3.8 20.8 17.7 5.1 5.0 
additional 5 mg/L HA 23.5 21.3 8.5 8.3 25.1 23.8 10.5 10.2 
additional 10 mg/L HA 28.1 27.0 13.7 13.4 31.0 29.5 15.8 15.7 
pH at 7 .5; 5 mg/L HA 23.4 21.7 8.4 8.4 25.3 23.7 10.3 10.1 
pHat7.5; 10mg/LHA 28.3 27.5 13.6 13.5 30.4 28.6 15.4 15.4 
pH at 6.5; 5 mg/L HA 23.2 20.9 8.6 8.5 24.9 23.8 10.2 10.2 
:eH at 6.5; 10 mg/L HA 28.1 26.8 13.2 13.2 30.5 28.6 15.2 15.1 

All organic carbon concentrations are mg/L; June 14 =start of2na trial; July 16 =conclusion of2na trial. 
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By July 13, 1999 the organic carbon values in all bioreactors had returned to similar values 

calculated for the raw river water in mid-June. It was assumed that the loss of organic carbon 

was primarily due to the mineralisation of 2,4-D, although this was not proven. 

Final quantification on July 16 noted that although the HPLC could no longer detect 2,4-D 

concentrations in the bioreactor samples, some loss of organic carbon had continued past the 

declared final date of biodegradation. 

Two possible theories were proposed for this event. First, it was assumed that although the 2,4-

D was no longer detectable by HPLC, mineralisation of the substrate may not have been 

complete. Second, although microbial populations had begun to decrease by July 13th, some 

nutrient demand would remain after the 2,4-D supplies had been depleted and, therefore, some of 

the ambient organic carbon stock was utilised for microbial metabolism during this period 

following 2,4-D mineralisation. Most likely, some combination of these two factors was 

responsible for the continued lowering of organic carbon concentrations past the proclaimed end 

of biodegradation. 

As in the first experiment, it was determined that the 2,4-D had been completely mineralised in 

each of the bioreactors. The DOC and TOC values on July 13 reflect that mineralisation of the 

2,4-D parent material was nearly complete (Modestov and Lev, 1998; Xing, et al., 1997). 

5.6 The Etlects of pH Adjustments 

In the first experiment, very low (4.5) and very high (11.5) pH values inhibited 2,4-D degradation 

to the point that 2,4-D was persistent after 6 weeks of observation. Microbial degradation of the 

2,4-D occurred rapidly at the ambient pH of 8.4. 

At pH 11.5, the 2,4-D salt precipitated out of solution to produce a milky white substance in 

those bioreactors. As the pH declined during the six week experimental period to the final value 
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of approximately 10.5 in each of the basic bioreactor samples, a small volume (up to 2.5 mg/L) 

of 2,4-D returned to solution. 

Figure 5.10 is a photograph taken of three of the bioreactors during the first experiment. The 

flask on the left was a HA amended sample; the middle flask was a basic sample not shaken; the 

flask on the right was a recently shaken pH adjusted basic sample. 

Figure 5.10. Photograph illustrating the effects of extremely basic pH. On the left, a bioreactor in 
which only HA amendments were made. In the centre, a basic bioreactor sample with white 2,4-D salt 
accumulation on the bottom of the flask. On the right, a recently shaken basic bioreactor to illustrate the 
presence ofthe milky white 2,4-D salt. 

It was concluded that no 2,4-D loss in the pH adjusted basic bioreactors could be attributed to 

microbial activity as analyses of these water samples proved that no microbial communities 

survived in the highly basic environment. 
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Where pH was decreased to 4.5, neither precipitation nor degradation was observed. Once again, 

analyses proved that no microbial communities were living in the highly acidic bioreactors. The 

pH was maintained at approximately 4.5 throughout the experiment. 

The less extreme pH adjustments implemented in the second trial did not appear to significantly 

affect the rate of 2,4-D biodegradation. 

5.6.1 Kinetic Calculations 

No kinetic calculations were conducted on results from pH adjusted bioreactors in the first 

experiment, since 2,4-D biodegradation was not successful in any of these water samples. 

Diztelmuller, et al. (1989) determined that the optimum pH for 2,4-D degrading microorganisms 

in soil was between pH 6.2 and 6.5. The results from each experiment conducted with South 

Saskatchewan River water substantiate this finding for this particular natural water environment. 

In the second experiment, the reproducibility of results from the pH adjusted samples was even 

better than that noted for the non-amended and HA amended samples. Less than 1.5% difference 

was noted in the decay constant results for the duplicate bioreactors at pH 6.5 and 7.5 mgiL of 

2,4-D. The remainder of the results from the pH adjusted bioreactors were less than 1.2% 

different from each other {Table 5.1 ). 

The plot given in Figure 5.11 shows the results from one of pH adjusted duplicate bioreactor sets. 
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Figure 5.11. Kinetics plot at pH 6.5 and 2,4-D concentration of7.5 mg/L. 

It appeared that, in general, the indigenous P. cepacia population preferred the lower pH of 6.5 

over either of the other two pHs examined in the second experiment (i.e., 7.5 and ambient). 

At 7.5 mg/L of 2,4-D, all of the bioreactors in which pH had been reduced to 6.5 experienced 

faster rates of biodegradation than those adjusted to 7.5. At 12.5 mg/L of 2,4-D, the same was 

true except one instance in which 5 mg/L HA was added to the bioreactors. In this case, the 2,4-

D in the water samples at pH 7.5 was biodegraded almost 37 minutes faster. This amount of 

time is, however, minimal in view of half-lives greater than 35 hours. 

The water samples adjusted to pH 6.5 also faired well in comparison to those maintained at the 

ambient pH. At 7.5 mgiL of 2,4-D, the rate of 2,4-D biodegradation in the non-amended 

bioreactors was slower than that experienced in any of the lower pH bioreactors except in those 

bioreactors in which 5 mg/L of HA had also been added. 
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Figure 5.12 is a histogram comparing the results of 2,4-D biodegradation in pH adjusted 

bioreactors to the results observed in the non-amended bioreactors. 
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Figure 5.12. Histogram comparing pH adjusted results to non-amended results. 

At 7.5 mg/L the 2,4-D was biodegraded more quickly in the pH amended bioreactors than in the 

bioreactors spiked with 12.5 mg/L of 2,4-D. Those in which pH was adjusted in combination 

with 10 mg/L HA, however, resulted in less rapid 2,4-D biodegradation than in the non-amended 

bioreactors. 

Once again, the half-life results for 2,4-D biodegradation were similar to those previously 

calculated by Greer, et al. (1990) and Ditzelmuller, et al. (1989). It was concluded that unlike 

the extreme pH adjustments prescribed in the first experiment, the moderate pH adjustments 

applied in the second experiment did not inhibit 2,4-D biodegradation. 
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5.6.2 pH Analyses 

In the first 2,4-D biodegradation experiment, the pH in each water sample was assessed only at 

the start and end of the trial. The pH declined slightly in those bioreactors in which 2,4-D 

biodegradation was observed and in the high pH bioreactors. 

Table 5. 7 shows the results of pH analyses conducted in the first experiment. Because pH was 

not closely monitored throughout the first trial, it was not possible to determine when the most 

significant pH decreases had occurred. 

Table 5.7. Results of pH analyses from the first 2,4-D biodegradation trial. 

Sample description 

non-amended 
5mg/L HA added 
10 mg/L HA added 
pH increased to 11.5 
pH increased to 11.5; 5 mg/L HA 
pH increased to 11.5; 10 mg/L HA 
pH decreased to 4.5 
pH decreased to 4.5; 5 mg/L HA 
pH decreased to 4.5; 10 mg/L HA 

6.5 mg!L 2,4-D 
April12 

8.38 
8.41 
8.43 
11.56 
11.68 
11.59 
4.42 
4.58 
4.55 

May30 
8.24 
8.25 
8.21 
10.58 
10.74 
10.63 
4.62 
4.75 
4.68 

12 mg/L 2,4-D 
Aprill2 May 30 

8.33 8.18 
8.35 8.16 
8.34 8.14 
11.54 10.55 
11.42 10.56 
11.37 10.55 
4.38 4.51 
4.40 4.68 
4.41 4.66 

The pH declined slightly in the bioreactor water samples that successfully achieved 2,4-D 

biodegradation. The release of carbon dioxide during 2,4-D mineralisation may have caused the 

pH to decline slightly at the conclusion of the experiments (Oh and Tuovinen, 1994; Greer, et al., 

1990). 

In the second 2,4-D biodegradation experiment, weekly changes in pH were recorded. Once 

again the pH values of those water samples in which 2,4-D biodegradation was successful 

experienced a decrease in pH during the trial period. Figure 5.13 is a plot of the pH changes 

observed in the bioreactors spiked with 7.5 mg/L of 2,4-D. 
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Figure 5.13. Curves depicting pH change during the second experiment at 7.5 mg/L of 2,4-D. 

The decline in pH is quite small, but evident from the curves shown in Figure 5.13. Similar 

trends were noted at 12.5 mgiL of 2,4-D. The numerical results of weekly pH analyses in those 

bioreactors are given in Table 5.8. 

Table 5.8. Results of pH analysis in the second 2,4-D biodegradation experiment at 12.5 mg/L 2,4-D. 

Sam,Ele descri,Etion June 17 June 24 Juix 1 Juix8 Juix15 
7.5 mgiL 2,4-D added 
non-amended 8.3 8.2 8.0 7.9 7.8 
pH decreased to 7.5 7.6 7.6 7.4 7.3 7.3 
pH decreased to 6.5 6.5 6.3 6.1 5.9 5.8 
5 mg/L HA added 8.4 8.3 8.1 7.9 7.9 
10 mg/L HA added 8.3 8.3 8.0 7.9 7.9 
pH at 7.5 plus 5 mg/L HA 7.7 7.5 7.3 6.9 6.7 
pH at 7.5 plus 10 mg/L HA 7.7 7.6 7.4 7.2 6.9 
pH at 6.5 plus 5 mg/L HA 6.6 6.5 6.2 6.1 6.1 
~Hat 6.5 ~Ius 10 mg/L HA 6.5 6.5 6.2 6.0 5.8 
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Table 5.8. continued 

Sample description June 17 June 24 July 1 JulyS July15 
12.5 mgiL 2,4-D added 
non-amended 8.2 8.2 7.9 7.8 7.8 
pH decreased to 7.5 7.4 7.3 6.8 6.8 6.7 
pH decreased to 6.5 6.5 6.5 5.9 5.7 5.9 
5 mg/L HA added 8.2 8.2 7.8 7.7 7.7 
10 mg/L HA added 8.2 8.1 7.8 7.8 7.7 
pH at 7.5 plus 5 mg/L HA 7.4 7.3 6.9 7.0 6.8 
pH at 7.5 plus 10 mg/L HA 7.3 7.3 7.0 6.8 6.7 
pH at 6.5 plus 5 mg/L HA 6.5 6.4 6.1 5.9 5.9 
pH at 6.5 plus 10 mg/L HA 6.3 6.4 6.0 5.8 5.7 

The pH began to decrease noticeably at the inception of 2,4-D biodegradation-between June 24 

and July 1. By July 1, 1999 the bioreactors had experienced the largest change in pH observed 

throughout the trial. By the time that 2,4-D detection by HPLC was no longer possible (around 

July 8), the pH in each bioreactor had dropped an average of 0.6 standard units. 

As further indication that 2,4-D mineralisation continued after HPLC analysis could no longer 

detect the presence of 2,4-D in the bioreactor solutions, slight pH changes occurred between the 

analyses conducted on July 8 and July 15. 

5. 7 The EtTecm of Humic Acid and pH Adjus1menm in Combination 

2,4-D biodegradation in the combination reactors (i.e., those in which both HA and pH 

adjustments had been made) was successful only in the second experiment. The rates of 

biodegradation observed in the combined water quality bioreactors were not significantly slower 

than the non-amended, HA amended, or pH adjusted water samples. 

The combination of pH adjustment with 10 mg/L of HA at the initial2,4-D concentration of 12.5 

mgiL appeared to slow the biodegradative process. As well, at 7.5 mg/L, HA amendments of 5 

mgiL at both pH values and 10 mg/L of HA at the pH of 7.5 seemed to decrease the speed of 2,4-

D biodegradation in comparison to the other bioreactor water samples. 



73 

At each 2,4-D concentration, the water samples in which a combination of water quality 

conditions had been applied required an average half-life of 0.37 hours (22 minutes) longer for 

2,4-D biodegradation. All of the results of 2,4-D biodegradation in the combination bioreactors 

are shown in Figure 5.14. 
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Figure 5.14. Histogram of 2,4-D biodegradation in the combination bioreactors. 

Water quality changes and remaining kinetics results were addressed in previous sections. 

5.8 Nutrient Analyses 

Microbial metabolism in those bioreactors in which 2,4-D was successfully biodegraded reduced 

the concentrations of nitrate and phosphate supplies. Silicate, which is not a rate-limiting 

nutrient, was not significantly reduced from ambient levels. Table 5.9 lists the results of nutrient 

analyses at the conclusion of each 2,4-D biodegradation experiment. 



74 

Table 5.9. Results of nutrient analyses at the conclusion of each 2,4-D biodegradation trial. 

Sample description 

non-amended 
5 mg/L HA added 
10 mg/L HA added 
pH increased to 11.5 
pH increased to 11.5; 5 mg/L HA 
pH increased to 11.5; 10 mg/L HA 
pH decreased to 4.5 
pH decreased to 4.5; 5 mg/L HA 
pH decreased to 4.5; 10 mg/L HA 

Sample description 

non-amended 
pH decreased to 7.5 
pH decreased to 6.5 
5 mg/L HA added 
10 mg/L HA added 
pH decreased to 7 .5; 5 mg/L HA 
pH decreased to 7 .5; 10 mg!L HA 
pH decreased to 6.5; 5 mg/L HA 
pH decreased to 6.5; 10 mg/L HA 

All concentrations are mg/L. 

6.5 mg/L 2.4-D 

0.032 0.000 1.057 
0.041 0.104 1.259 
0.026 0.000 0.656 
0.205 0.181 0.028 
0.109 0.132 0.125 
0.098 0.108 0.012 
0.127 0.000 1.348 
0.116 0.000 1.142 
0.046 0.000 1.187 

7.5 mg/L 2.4-D 

0.012 0.000 1.032 
0.182 0.140 0.912 
0.128 0.121 0.923 
0.081 0.000 1.161 
0.051 0.000 1.098 
0.188 0.014 0.922 
0.125 0.054 0.912 
0.131 0.011 0.940 
0.122 0.041 0.919 

12 mg/L 2.4-D 

0.000 0.000 1.151 
0.000 0.000 1.344 
0.051 0.000 1.135 
0.109 0.522 0.030 
0.110 0.056 0.054 
0.093 0.092 0.04 7 
0.054 0.000 1.133 
0.063 0.000 1.134 
0.055 0.000 1.123 

12.5 mg/L 2.4-D 

0.009 0.000 1.137 
0.099 0.157 0.918 
0.067 0.111 0.911 
0.055 0.000 1.158 
0.051 0.000 1.203 
0.102 0.108 0.951 
0.086 0.075 0.944 
0.067 0.111 0.943 
0.059 0.000 0.915 

None of the water samples contained detectable concentrations of NH.t-N, therefore, the results of 

those analyses are not shown in Table 5.9. 

5.9 Controls and Blanks 

The U.S. EPA (1995) explained that due to 2,4-D's extremely low Henry's constant, 

volatilisation from water environments should be negligible. Hu and Brusseau (1998) found that 

2,4-D did not sorb to glass surfaces. Therefore, losses of 2,4-D from either volatilisation or 

sorption to the glass bioreactor surfaces were not considered to be a major factor in the reduction 

of 2,4-D from any of the reactors (including bioreactors, controls, and blanks). 
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The controls from each experiment did not demonstrate any detectable 2,4-D losses (i.e., there 

was no detectable loss of 2,4-D mass from either type of control reactors during each 

experiment). 

The blanks did not demonstrate any detectable 2,4-D contamination (i.e., any 2,4-D 

contamination of the blank reactors was less than the 0.1 mg/L HPLC detection limit). 

5.9.1 Water Quality Analyses 

Controls prepared with Milli-Q® water were assessed for pH, DOC, and TOC at the start of each 

trial according to the prescribed treatments. 

The ambient pH of the controls prepared with Milli-Q® water was between 6.5 and 7 .0. After the 

addition of 2,4-D to the control vessels the pH was lowered to levels between 5.5 and 4.6 

standard units, depending on the 2,4-D amendment applied in each experiment. The pH did not 

change more than ± 0.2 standard units during either experiment. 

The DOC and TOC concentrations of the Milli-Q® controls represented 2,4-D and HA 

amendments only. As a result, the DOC and TOC values were identical for each control reactor. 

Organic carbon concentrations did not alter significantly over the trial period, indicating minimal 

volatilisation, sorption, and biodegradation of the 2,4-D substrate. 

Double autoclaved river water controls and raw river water blanks were analysed simultaneously 

with the bioreactor water samples throughout the second experiment. The water quality of each 

river water control and blank was similar to that of the corresponding bioreactors or raw river 

water. None of the organic carbon, nutrient, or pH parameters displayed significant change in 

either the controls or blanks during the experimental period 
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Unlike the organic carbon sources in the Milli-Q® controls, the DOC and TOC components of the 

river water controls were not solely the result of 2,4-D and HA additions. The results of bi

weekly DOC and TOC analyses during the second experiment are shown in Table 5.10. 

Table 5.10. DOC and TOC concentrations in control and blank reactors. 

Reactor description Dissolved organic carbon (mg/L) Total organic carbon (mg/L) 
June 29 July 13 June 29 July 13 

7.5 mgiL 2,4-D added 
non-amended RW 9.2 9.5 10.7 10.7 
RW with pH of7.5 9.6 9.5 10.9 10.7 
RW with pH of6.5 9.5 9.3 10.7 10.7 
RW with 5 mg/L HA added 14.6 14.5 15.8 15.7 
RW with 10 mg/L HA added 19.9 20.0 21.5 21.5 
RW at pH 7.5; 5 mg/L HA 14.8 14.5 15.8 15.3 
RW at pH 7.5; 10 mg/L HA 20.1 20.0 21.4 21.5 
RW at pH 6.5; 5 mg/L HA 13.9 14.0 14.5 14.6 
RW at pH 6.5; 10 mg/L HA 19.6 19.7 20.9 21.2 
non-amended MQ 7.8 7.6 7.6 7.6 
12.5 mgiL 2,4-D added 
non-amended RW 16.8 16.5 18.3 18.2 
RW with pH of7.5 16.6 16.5 18.1 18.0 
RWwithpHof6.5 16.6 16.5 18.1 18.1 
RW with 5 mg/L HA added 22.1 22.0 23.8 23.7 
RW with 10 mg/L HA added 27.8 27.5 28.5 28.5 
RW at pH 7.5; 5 mg/L HA 22.6 22.5 23.9 23.9 
RWatpH7.5; 10mg/LHA 27.8 27.5 28.9 28.5 
RW at pH 6.5; 5 mg/L HA 22.4 22.5 24.1 24.3 
RW at pH 6.5; 10 mg/L HA 27.8 27.8 29.1 29.0 
non-amended MQ 15.2 15.0 15.2 14.9 

In this table the abbreviations RW and MQ represent double-autoclaved river water and autoclaved 
Milli-Q® water. 

Organic carbon concentrations did not decrease significantly over the trial period, once again 

indicating minimal volatilisation, sorption, and biodegradation of the 2,4-D parent material. The 

same was true for the results of pH analyses. 

Initial pH values in the Milli-Q® controls were 4.6, 4.8, 5.5, and 5.9 respectively for each of the 

2,4-D concentrations from highest to lowest. The initial pH values in the river water controls 

were similar to those in the bioreactor samples. 
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The pH levels were assessed at the start and end of the first trial and weekly in the second. pH 

levels in the Milli-Q® controls did not change by more than± 0.1. Changes of less than± 0.2 

standard units were observed in the river water controls. The results of weekly pH analyses 

during the second trial are shown in Table 5 .11. 

Table 5.11. pH assessments of the control reactors throughout the second experiment. 

Reactor descriEtion June 17 June 24 Jull: 1 Jull: 8 Jull: 15 
7.5 mgiL 2,4-D added 
non-amended RW 8.1 8.1 8.0 8.0 8.0 
RW with pH of 7.5 7.5 7.5 7.5 7.3 7.3 
RW with pH of 6.5 6.4 6.5 6.4 6.5 6.5 
RW with 5 mg/L HA added 8.3 8.2 8.1 8.1 8.1 
RW with 10 mg/L HA added 8.3 8.2 8.2 8.2 8.1 
RW at pH 7.5; 5 mg!L HA 7.6 7.5 7.4 7.4 7.5 
RW at pH 7.5; 10 mg!L HA 7.7 7.5 7.5 7.4 7.5 
RW at pH 6.5; 5 mg/L HA 6.4 6.3 6.3 6.4 6.3 
RW at pH 6.5; 10 mg/L HA 6.5 6.3 6.4 6.4 6.4 
non-amended MQ 5.5 5.5 5.5 5.6 5.5 
12.5 mgiL 2,4-D added 
non-amended RW 8.0 7.9 8.0 8.0 7.9 
RW with pH of 7.5 7.4 7.4 7.4 7.3 7.2 
RW with pH of 6.5 6.3 6.4 6.4 6.3 6.3 
RW with 5 mg/L HA added 8.1 8.1 8.0 8.1 8.1 
RW with 10 mg/L HA added 8.1 8.1 8.0 8.0 8.0 
RW at pH 7.5; 5 mg/L HA 7.4 7.3 7.3 7.3 7.2 
RWatpH7.5; 10mg/LHA 7.4 7.3 7.4 7.3 7.3 
RW at pH 6.5; 5 mg/L HA 6.4 6.4 6.5 6.5 6.4 
RW at pH 6.5; 10 mg/L HA 6.4 6.5 6.5 6.4 6.4 
non-amended MQ 4.6 4.7 4.8 4.7 4.7 

In this table the abbreviations RW and MQ represent double-autoclaved river water and autoclaved 
Milli-Q® water. 

Slight reductions in pH were observed in the controls, but not of nearly the same magnitude as 

those observed in the bioreactors. The lack of pH change in the controls was seen as further 

indication that 2,4-D had not been mineralised in the control systems. 



78 

5.9.2 Microbial Assessments 

Microbial assessments of the control reactors were completed at the conclusion of each trial. 

Blank water samples were plated at the end of the first experiment and twice weekly throughout 

the second 

Microbial contamination of the control systems was not significant in either experiment. In the 

first experiment, the non-amended 12 mg/L 2,4-D control contained 10 heterotrophic colonies I 

mL. All other control reactors from the April trial tested negative for the presence of both 

heterotrophs and P. cepacia. 

Plates of water samples taken from control reactors in the second trial showed that each control 

system had been minimally contaminated with heterotrophic bacteria. Table 5.12 gives the 

results of heterotrophic plate count (HPC) analyses of the control samples at the conclusion of 

the second trial. No chloramphenicol-resistant bacteria were found in any of the control reactors. 

Table 5.12. Final results of HPC analysis of control samples in the second trial. 
Reactor description 7.5 mg/L 2,4-D 12.5 mg/L 2,4-D 

non-amended RW 20 20 
RW with pH of 7.5 10 10 
RW with pH of 6.5 10 10 
RW with 5 mg/L HA added 20 10 
RW with 10 mg/L HA added 10 10 
RW at pH 7 .5; 5 mg/L HA 10 10 
RW at pH 7.5; 10 mg/L HA 10 10 
RW at pH 6.5; 5 mg/L HA 10 20 
RW at pH 6.5; 10 mg/L HA 10 20 
non-amended MQ 0 0 

In this table, the abbreviations RW and MQ represent double-autoclaved river water and autoclaved Milli-Q® 
water, respectively. All values are colonies I mL. 

The blank reactors were not similarly immune to bacterial contamination. Since the blank water 

samples were not autoclaved, microbial communities continued to prosper in those water samples 

throughout each experiment. 
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At the conclusion of the first trial, each blank water sample contained approximately 4000 

heterotrophic and 80 chloramphenicol-resistant colonies I mL. It was concluded that the 

temperature increase from river to laboratory was most likely the key factor in the increase of the 

microbial populations. 

From the results of more rigorous microbial analyses in the second experiment, it was possible to 

conclude that the increased growth of both microbial communities was significantly increased in 

the presence of the 2,4-D supplements. 

The curves shown in Figure 5.15 correspond to microbial growth of the 2,4-D-degrader species, 

Pseudomonas cepacia, in the blank and bioreactor water samples. It is evident from these curves 

that microbial growth was significantly enhanced in the presence of 2,4-D substrate. 

This plot demonstrates that the growth of P. cepacia bacteria populations responded positively to 

the presence of 2,4-D. The number of these colonies remained relatively static in the blank 

reactors once acclimatised to the increased laboratory temperature. 
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Figure 5.15. Growth of P. cepacia bacteria in blank reactors and bioreactors in the second experiment. 

Table 5.13 lists the numerical results of both heterotrophic and P. cepacia microbial enumeration 

activities in the blank and bioreactor samples throughout the second experiment. 

Table 5.13. Results of microbial enumeration in the blank reactors during the second experiment. 

Date 
June 14 
June 18 
June 21 
June 25 
June 29 
July 2 
July6 
July9 
July 13 
July 16 

All values are colonies I mL. 

Heterotroghs 
3.0 X 10 
7.0 X 103 

1.6 X 104 

3.5 X 104 

3.0 X 104 

2.0 X 104 

2.2 X 104 

2.5 X 104 

2.3 X 104 

2.2 X 104 

P. cepacia 
30 
20 
20 
50 
90 
130 
80 
100 
90 
90 
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The P. cepacia colonies grew in a similar pattern as that observed for the all-encompassing 

heterotrophic colonies. Once acclimatised to the laboratory conditions, the number of all 

bacterial communities was quite static. 

5.10 Engineering Applications 

Examination of kinetic behaviour is of great importance in environmental engineering. Similarly, 

the exploitation of biodegradative techniques for the removal of complex human-generated 

chemical compounds from the aquatic environment is essential in engineering practice. 

Knowledge of kinetic parameters and biodegradative opportunities are required for the design of 

treatment systems capable of effective pollutant removal from water. 

As shown in this investigation, 2,4-D is definitely not persistent under natural South 

Saskatchewan River water quality conditions examined in the laboratory trials. However, in 

engineered water treatment systems and natural river water systems, the complexity of other 

components in the water will affect the rate of 2,4-D biodegradation. Components whose 

diversity and concentration, are expected to change over time, such as DOM (dissolved organic 

matter), humic acids, nutrients and other inorganic materials, dissolved oxygen, other toxic 

chemicals, and microbial populations, will have direct effects on the speed and efficiency of 2,4-

D biodegradation. Combinations of such factors will control the transformation of 2,4-D in both 

natural river ecosystems and treatment systems. 

Seasonal fluctuations in temperature will also affect the rate of 2,4-D contaminant degradation. 

Since most 2,4-D contamination is expected to occur during the late spring and summer months, 

the river water temperature will likely remain above that investigated during this project. Diverse 

microbial populations are expected to proliferate at these elevated temperatures inducing a more 

rapid 2,4-D biodegradation rate. 
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There are several other factors that also indicate that the biodegradation rate for 2,4-D in the 

natural environment may be faster than that observed in laboratory experiments. These factors 

include the fact that the river is not likely to have limiting nutrient or dissolved oxygen 

concentrations due to several conditions including the turbulent nature of naturally flowing river 

water. In addition, the ambient levels of 2,4-D will almost certainly be lower than those 

investigated in the laboratory experiments. 

Lower 2,4-D concentrations most likely require shorter microbial acclimation periods and, in 

turn, provide shorter overall half-life values. It is not possible to state emphatically, however, 

that microbial populations would be larger in the natural river water system than those grown in 

the laboratory experiments. By providing an environment in which inorganic nutrients, organic 

carbon, dissolved oxygen, and other potential rate-limiting factors on which the microbial 

communities thrive are abundant, though, the expected rate of 2,4-D biodegradation substantially 

increases (Lee, 1992). 

Although some competition from other toxic chemicals is expected in the natural river ecosytem, 

it is not expected that the presence of these compounds will greatly reduce the rate of 2,4-D 

biodegradation. If chemicals that tend to be resistant to biota-mediated hydrolysis, such as 

alkanes, P AHs, alcohols, aldehydes, and ketones, accumulate in a water treatment system, 

however, these compounds may lead to toxic conditions that prevent the biodegradation of 

compounds such as 2,4-D that normally would be readily transformed (Paul and Clark, 1996). 

Because of the interactions with other chemicals (both naturally occurring and man-made) in the 

environment, it is difficult to predict how transformation and degradation processes may occur in 

field situations (Paul and Clark, 1996). It is possible to state definitively that 2,4-D is not 

persistent in South Saskatchewan River water and will most likely degrade very rapidly under 

natural river water conditions. 



6. CONCLUSIONS 

The key conclusions from the results of this investigation are as follows: 

The effects of pH, the presence of an alternate carbon source (such as humic acid), and the 

concentration of 2,4-D initially present in the water samples were assessed in terms of rate of 2,4-

D biodegradation. Under the specific conditions investigated in this project, 2,4-D was generally 

not persistent in South Saskatchewan River water. 

At the ambient pH of approximately 8.4 standard units and two mildly adjusted pHs, including 

7.5 and 6.5, 2,4-D was rapidly biodegraded after successful microbial acclimation. Only in cases 

of extreme pH (such as 4.5 and 11.5 standard units) was biodegradation not achieved. 

The pH of the South Saskatchewan River generally remains between 8.4 and 8.6 standard units. 

At these levels, it was concluded 2,4-D would be rapidly biodegraded by acclimatised indigenous 

microbial species, including the bacteria Pseudomonas cepacia. 

No inhibition or repression of the biodegradative pathway arose from the presence of the alternate 

substrate, humic acid There was no apparent trend to the effects of HA additions. At 6.5 and 

12.5 mgiL of 2,4-D, biodegradation was achieved minimally faster in the presence of HA. At 7.5 

and 12 mgiL of 2,4-D, biodegradation was achieved minimally slower in the presence of HA. 

Similarly, the initial concentration of 2,4-D in each bioreactor did not appear to significantly 

affect the rate of biodegradation by the indigenous P. cepacia. Indeed, none of the factors 

investigated looked as though they significantly affected the rate of rapid 2,4-D 

biotransformation. 

83 



84 

In all cases in which 2,4-D biodegradation was successful, first-order kinetics applied. 

Confirmation of this was achieved through evaluation of r values (coefficients of variation) 

which were all close to unity. 

Since the 2,4-D biodegradation kinetics were quite similar under all experimental conditions in 

each trial, the average k value was determined to be representative of the expected 2,4-D 

biodegradation rate within the parameters examined. Therefore, the overall average half-life, 

including both the spring and summer experiments, was 36.37 ± 4.05 hours (corresponding to a 

kinetic decay constant of 0.0193 ± 0.0022 hour-1
). 

Under water quality and environmental conditions similar to those examined in this study, it is 

generally expected that 2,4-D will not be persistent and will be biodegraded in less than one 

week 



7. RECOMMENDATIONS 

Development of a complete list of water quality and environmental factors that may either repress 

or enhance the 2,4-D biodegradative process requires further investigation Water samples 

should be collected over all of the seasons throughout several years and from several surface 

water sources to adequately describe natural 2,4-D biodegradation. Specifically, the effects of 

temperature on success and rate of 2,4-D biodegradation should be examined. 

Since 2,4-D is currently more commonly applied for domestic lawn care and weed control than in 

agriculture, further investigative research may be more relevant if focused upon water sources 

contaminated with 2,4-D via urban flushing. During flood or flush events in the city of 

Saskatoon (i.e., in the occurrence of high volume rain events) high volumes are water often 

discharged directly to the South Saskatchewan River without the benefit of any pre-treatment. 

This water likely contains significant concentrations of yard care chemicals, of which 2,4-D is 

included Investigations that examine the fate and transport of lawn care chemical mixtures are 

environmentally relevant as the chemical market for domestic consumers continues to expand 

Small-scale systems in which enhanced biodegradation of complex chemical cocktails may be 

quickly and economically achieved for use by irrigators and organic farmers may be another 

logical step in the discussion of pesticide contamination of and removal from Prairie surface 

waters. 
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APPENDIX A: REsULTS OF HPLC ANALYSIS 

Table A.l. Non-amended bioreactor results. 
Tune (hours) 6.5 mg/L 2,4-D 7.5 mg/L 2,4-D 

0 6.350 6.491 6.265 6.216 
24 3.528 3.622 5.201 5.020 
48 2.111 2.201 3.310 3.251 
72 1.012 1.498 1.956 1.687 
96 0.837 0.728 0.987 0.946 
120 0.595 0.554 0.651 0.629 
144 0.230 0.331 0.336 0.374 
168 0.000 0.000 0.222 0.222 
192 0.101 0.114 
216 0.000 0.098 
240 

12 mg/L 2,4-D 

12.099 12.491 
12.099 12.491 
12.099 12.491 
7.434 7.634 
4.295 4.563 
2.618 2.526 
1.153 1.401 
0.677 0.802 
0.575 0.655 
0.224 0.234 
0.103 0.101 

12.5 mg/L 2,4-D 

12.289 12.571 
9.136 8.550 
6.428 6.135 
3.281 3.241 
1.572 1.509 
0.992 1.001 
0.783 0.850 
0.661 0.698 
0.542 0.596 
0.333 0.295 
0.000 0.000 

Table A.2. HPLC results from bioreactors amended with 5 mg/L of humic acid. 
Time (hours) 6.5 mg/L 2,4-D 7.5 mg/L 2,4-D 12 mg/L 2,4-D 12.5 mg/L 2,4-D 

0 6.438 6.392 6.072 6.050 12.422 12.643 13.178 12.834 
24 6.438 6.392 4.585 4.181 12.422 12.643 10.916 9.332 
48 3.633 3.351 3.361 3.022 7.763 7.270 6.681 6.290 
72 2.138 2.222 2.107 1.726 4.063 4.454 3.316 3.159 
96 1.228 1.312 0.934 1.108 2.555 2.010 1.808 1.717 
120 0.887 0.852 0.802 0.496 1.179 1.099 1.329 1.250 
144 0.387 0.400 0.523 0.521 0.834 0.774 1.023 0.936 
168 0.227 0.188 0.349 0.333 0.491 0.587 0.762 0.776 
192 0.198 0.214 0.220 0.223 0.601 0.589 
216 0.000 0.000 0.108 0.125 0.500 0.446 
240 0.223 0.194 

Table A.3. HPLC results from bioreactors amended with 10 mg!L of humic acid. 
Tune (hours) 6.5 mg/L 2,4-D 7.5 mg/L 2,4-D 12 mg/L 2,4-D 12.5 mg/L 2,4-D 

0 6.366 6.390 5.969 6.188 12.356 12.098 11.968 11.942 
24 6.366 6.390 4.373 4.268 12.356 12.098 7.675 7.658 
48 3.706 3.689 2.266 2.407 7.821 7.854 3.326 3.209 
72 2.109 1.987 1.450 1.478 5.197 5.224 1.674 1.652 
96 1.395 1.254 0.795 0.802 3.316 3.238 1.300 1.243 
120 0.796 0.828 0.503 0.558 1.830 1.798 0.855 0.764 
144 0.348 0.358 0.201 0.224 1.093 1.120 0.762 0.642 
168 0.223 0.234 0.110 0.130 0.806 0.853 0.542 0.530 
192 0.432 0.349 0.321 0.336 
216 0.206 0.195 0.104 0.118 
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Table A.4. HPLC results from bioreactors amended to pH 7 .5. 
Time (hours) 7.5 mg/L 2,4-D 12.5 mg/L 2,4-D 

0 6.377 6.269 12.170 11.369 
24 4.467 4.241 9.342 9.469 
48 3.064 3.197 6.017 5.785 
72 1.393 1.423 2.982 2.842 
96 0.888 0.900 1.542 1.583 
120 0.742 0.641 1.034 1.102 
144 0.547 0.509 0.863 0.966 
168 0.315 0.292 0.629 0.664 
192 0.122 0.129 0.574 0.523 
216 0.332 0.308 
240 0.102 0.111 

Table A.S. HPLC results from bioreactors amended to pH 6.5. 
Time (hours) 7.5 mg/L 2,4-D 12.5 mg/L 2,4-D 

0 6.152 5.962 12.164 12.246 
24 5.091 5.318 9.548 9.912 
48 4.089 4.101 6.197 6.269 
72 3.039 2.971 3.438 3.446 
96 1.366 1.323 1.593 1.524 
120 0.977 0.956 1.101 1.108 
144 0. 753 0.645 0.907 0.956 
168 0.542 0.489 0.621 0.576 
192 0.320 0.299 0.422 0.397 
216 0.108 0.108 0.311 0.276 
240 0.115 0.119 

Table A.6. HPLC results from bioreactors amended with 5 mg/L of HA and pH 7 .5. 
Tune (hours) 7.5 mg/L 2,4-D 12.5 mg/L 2,4-D 

0 6.142 6.361 12.885 12.251 
24 4.676 4.107 9.360 8.452 
48 3.695 3.789 6.884 6.181 
72 2.871 2.842 3.200 3.102 
96 1.039 1.110 1.747 1.593 
120 0.849 0.889 1.117 1.023 
144 0.681 0.657 0.894 0.831 
168 0.420 0.441 0.669 0.658 
192 0.241 0.208 0.550 0.493 
216 0.097 0.103 0.305 0.216 
240 0.087 0.099 
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Table A. 7. HPLC results from bioreactors amended with 10 mg/L of HA and pH 7 .5. 
Time (hours) 7.5 mg/L 2,4-D 12.5 mg/L 2,4-D 

0 6.243 6.351 12.593 12.486 
24 4.554 4.545 9.001 9.633 
48 3.755 3.736 5.898 6.417 
72 2.013 2.007 3.285 3.144 
96 1.324 1.347 1.751 1.700 
120 0.700 0.704 1.230 1.200 
144 0.525 0.568 1.019 1.000 
168 0.311 0.325 0.890 0.885 
192 0.242 0.260 0.521 0.583 
216 0.111 0.115 0.332 0.369 
240 0.128 0.107 

Table A.8. HPLC results from bioreactors amended with 5 mg/L of HA and pH 6.5. 
Tune (hours) 7.5 mg/L 2,4-D 12.5 mg/L 2,4-D 

0 6.282 6.461 12.540 12.259 
24 4.455 4.218 9.389 9.138 
48 3.089 3.101 6.168 6.456 
72 1.335 1.599 2.836 3.031 
96 1.000 0.985 1.493 1.438 
120 0.764 0.761 0.981 0.963 
144 0.605 0.586 0.869 0.851 
168 0.471 0.393 0.680 0.632 
192 0.193 0.121 0.428 0.492 
216 0.256 0.229 

Table A.9. HPLC results from bioreactors amended with 10 mg/L ofHA and pH 6.5. 
Tune (hours) 7.5 mg/L2,4-D 12.5 mg/L2,4-D 

0 6.196 6.275 12.460 12.301 
24 4.314 4.320 10.488 10.085 
48 2.736 2.884 7.952 7.782 
72 1.271 1.278 3.043 2.947 
96 0.660 0.747 1.615 1.526 
120 0.523 0.600 1.000 1.000 
144 0.331 0.402 0.869 0.874 
168 0.197 0.221 0.704 0.700 
192 0.087 0.098 0.616 0.573 
216 0.419 0.402 
240 0.217 0.197 



APPENDIX B: THE IMPORTANCE OF POTABLE WATER MONITORING 

Groundwater quality monitoring in the Canadian Prairie provinces should include pesticide 

analysis. Currently, the groundwater and surface water sources in Saskatchewan communities of 

less than 5001 persons are not required to ever be tested for pesticide residue, while urban centres 

(more than 100,000 persons) must examine the water annually for select pesticides. These 

pesticides include Atrazine, Bromoxynil (Buctril), Dicamba (Banvel), Diclofop-Methyl (Hoe

Grass), 2,4-D, Lindane, MCPA, Pentachlorophenol (PCP), Picloram, Propanil, Triallate (Avadex 

BW), Trifuralin (Treflan) (SERM, 1994). 

Rural centres in the Prairies are mostly located in agricultural regions. Therefore, potable water 

testing should include target contaminants including pesticides. Although pesticides are not part 

of the rural potable water quality monitoring program, a study of the current situation with 

respect to rural monitoring in a Prairie province could shed light on the subject. The success of 

the current, general program may provide an indication of whether or not the addition of 

suggested pesticide examination would also be successful. 

This appendix reviews the system employed by Alberta Environmental Protection (AEP) for 

potable groundwater monitoring as an indicator of the overall success of Prairie potable water 

monitoring programs in rural regions. The results of the data manipulation completed with 

respect to the AEP groundwater quality databases are given. A related paper was published 

based on the review of this information (McMartin, et al., 1999). 

B.l Introduction 

The AEP groundwater databases include chemical characterization of water quality as well as the 

treatment methods available for rural community groundwater sources between 1980 through 

mid-1998. These communities are predominantly hamlets and villages whose populations 

number less than 500 citizens. 
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The drinking water treatment facilities implemented in rural centres are not as sophisticated nor 

are they as closely monitored as those facilities in larger Canadian centres. It is important, 

however, that the quality of drinking water produced at these facilities be monitored, and 

improved where deemed necessary, as these groundwater sources provide "an essential water 

supply for more than ... four million (Canadians) living in rural areas" (Lebedin, 1991). 

Many rural prairie groundwater supplies contain significant amounts of metals (such as iron, 

manganese, and arsenic) organics in excess of the GCDWQ (Health Canada, 1996). 

A study of the databases current to June, 1998 resulted in several observations and 

recommendations with respect to the frequency of analyses and also QNQC of the information 

collected. Through statistical analysis of the information contained in the databases, an 

evaluation of the databases' scientific worth was also completed. 

B.2 Scope 

The analysis of the AEP groundwater databases began with the objective of linking the removal 

efficiencies for iron, manganese and arsenic from water to the concentration and nature of 

dissolved organic carbon (DOC) in those supplies. 

A total of 101 rural potable groundwater supplies were evaluated in the database analysis. 

Forty-eight parameters were measured periodically by AEP to assess the quality of raw and 

treated groundwater quality. These are listed in Table B.l. 



Table B.l. AEP groundwater analysis parameter list. 

Colour 
pH 

Phvsical 

Total Dissolved Solids 
Turbidity 

Chemjcal 
Alkalinity 
Aluminum 
Antimony 
Arsenic 
Barium 
Beryllium 
Bicarbonate 
Boron 
Cadmium 
Calcium 
Carbon Part 
Carbonate 
Chloride 
Cobalt 
Copper 
Cyanide 
Dissolved Inorganic Carbon 
Dissolved Organic Carbon 
Fluoride 
Hardness 
Iron 
Lead 

Chemical 
Magnesium 
Manganese 
Mercury 
Molybdenum 
Nickel 
NH3-N 
N(h+N03 
N{h-N 
Phosphorous (dissolved) 
Phosphorous (total) 
Potassium 
Selenium 
Silica 
Silver 
Sodium 
Sulfate 
Total Carbon 
Total Inorganic Carbon 
Total Kjeldahl Nitrogen 
Total Organic Carbon 
Vanadium 
Zinc 
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The sampling frequency of rural potable water supplies was documented Calculations of 

average and median concentrations of contaminants in raw and treated water, as well as 95% 

confidence levels, were completed for each of these parameters. From these, the average and 

median removal efficiency was also calculated 

The treatment methods database was maintained as received from AEP for those communities. 

B.3. Database Analysis 

B.3.1 Sampling Frequency 

In most rural Alberta communities the number of samples taken over the past seventeen years 

was too low to be statistically significant. For that reason, it was not possible to draw definitive 
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conclusions about the drinking water quality from the majority of the information present in the 

database. 

Percentage representations of sampling frequencies, broken into five categories, for groundwater 

quality were calculated for each parameter. The categories included communities sampled once 

or less, more than once, more than twice, more than five times, more than ten times, and more 

than twenty times between the years of 1980 through 1998. 

Eleven raw water parameters including fluoride, alkalinity, pH, sulphate, chloride, potassium, 

sodium, magnesium, silica, calcium, and iron were tested quite regularly. These were tested more 

than twenty times since 1980 in 14.74% of communities. Nitrogen compounds (i.e., N~-N and 

N02 + NO:J) were also tested frequently with 13.68% of communities being tested more than 

twenty times since 1980. Table B.2 gives the results of sample frequency analysis. 

Table B.2. Frequency of raw groundwater sampling. 

Raw Water Test 
Frequency 

Number of > 5 times 
Parameters Tested > 10 times 

> 20 times 

>0% 
37 
34 
32 

Percent of Sites Sampled 
> 50% > 69% > 80% 

16 15 15 
1** 0 0 
0 0 0 

The superscripts and denote iron examination where = 97.89%, and = 50.53%. 

>95% 
1* 
0 
0 

From these results, it may be concluded that rural raw water supplies were generally not 

intensively analysed during the period in question. However, the treated water supply is the more 

important of the two in terms of protecting public health. In comparison, rural treated water 

supplies were better monitored during the analysis period. 

Nitrates and other nitrogen compounds, fluoride, alkalinity, pH, sulphate, chloride, and 

potassium are the most frequently monitored parameters in treated groundwater. Each of these 

parameters was monitored in 41.05% of the groundwater-consuming communities more than 

twenty times since 1980. Total dissolved solids {TDS) and conductivity were also well 
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represented in regular testing at 40% and 37.89%, respectively. Table B.3 displays the numerical 

values for treated groundwater sampling frequency. 

Table B.3. Frequency of treated groundwater sampling. 

Treated Water Test 
Frequency 

Number of > 5 times 
Parameters Tested > 10 times 

> 20times 

>0% 
43 
40 
40 

Percent of Sites Sampled 
> 50% > 69% > 80% 

32 27 16 
16 13 12 
0 0 0 

>95% 
14 
0 
0 

The most highly examined parameters for raw and treated supplies correspond closely. Iron and 

calcium, which are listed as some of the best tested parameters in raw water supplies, are tested 

as well or better in treated water samples, but are not among the most highly monitored 

parameters for treated water. In treated supplies, iron was monitored more than twenty times in 

14.74% of communities; calcium more than twenty times in 29.47%. 

B.3.2 Chemical Concentrations and Removal Efficiencies 

The average and median values for both raw and treated water were calculated for each 

parameter and each community in the database. Most of these values fall within GCDWQ 

expectations. There were, however, many discrepancies among values recorded for individual 

groundwater supplies. 

AEP representatives explain that some divergence is expected within the raw and treated columns 

for a couple of reasons. For example, there are several cases within the database in which the 

given treated water quality is the result of two or more blended raw water sources. Blending is 

often used at groundwater sites as an effective method for producing a reliable water supply in 

terms of both quantity and quality. 

Second, some raw water quality irregularities could be a result of source well replacement. The 

quality of raw water extracted from a newly installed well may differ greatly from that of the 
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previous well. In the current system of data collection groundwater well changes are not 

documented. 

Irregularities observed within treated water quality values could be the result of water treatment 

facility adjustments and improvements, or treatment efficiency difficulties. The current method 

of data collection does not document changes in treatment facilities, though, so once again it is 

not possible to state with certainty which situation has transpired.

B.3.3 Treatment Methods 

AEP maintains a comprehensive list of the licenses approved for rural groundwater treatment 

facilities. In most rural Prairie communities, treatment facilities are geared toward the removal 

of specific compounds, such as iron and manganese, only. It follows, therefore, that the final 

product water is not comparable to that received in urban homes. For rural water treatment, a 

limited set of problems is assessed. 

Upon close inspection of the information compiled at AEP, it is clear that several communities 

have more than one license for different methods of treatment. Since effective dates of operation 

for each license are not documented, it is not clear which treatment technology is presently in use, 

nor is it possible to accurately determine the practical efficiency of any treatment method. 

B.4 Recommendations 

The International Organization for Standardization (ISO) defines monitoring as "the programmed 

process of sampling, measurement and subsequent recording or signalling, or both, of various 

water characteristics, often with the aim of assessing conformity to specified objectives" (Robens 

Institute). 
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A program that provides consistent and reliable results is required to protect public health. This 

could be achieved via selective or indicator parameter analyses at set intervals. The addition of 

selective pesticide examination in rural agricultural communities could also be included. 

B.4.1 Microbial Assessments 

Assessments of indicator organisms in treated water indicate the probability of the presence of 

other bacteria and viruses in the consumable water supply. Unlike urban programs, the Alberta 

monitoring program of rural groundwater quality does not appear to include microbial 

assessment. Urban centres are required to monitor the concentrations of indicator organisms 

(including total and faecal coliforms and faecal streptococci) in treated water on a daily basis; 

rural communities have not the facilities to follow suit. 

Many rural Prairie communities have limited treatment facilities for the removal of 

microorganisms and, although most of those communities chlorinate the consumable water, this 

has been proven ineffective for the removal of Cryptosporidium (Edwards, 1993). Therefore, it 

is important for all water supplies to be assessed periodically for microbial content. 

However, it is not be feasible, either economically or logistically, to implement daily monitoring 

schedules for indicator organisms in rural sectors. A microbial monitoring program that is less 

rigorous than that required for large urban centres, yet is effective and scientifically based, would 

provide a more comprehensive appraisal of rural water quality. 

B.4.2 Chlorination By-Products 

Although most Prairie communities chlorinate the public treated water supply, the assessment of 

chlorination by-products such as trihalomethanes (THM)-including the compounds 

trichloromethane (chloroform), dibromochloromethane, dichlorobromomethane, and 

bromofor~ not appear in Alberta's current groundwater monitoring regime. THMs are 

created via the reaction of chlorine with various organics during water treatment (A WW A, 

1990). 
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Chlorine residual in the treated supply is frequently assessed in the rural centres. 

B.4.3 Documentation 

A comprehensive documentation protocol for revising and clarifying database information is 

essential for maintaining a scientifically worthy database. Through the years 1980 to 1997, 

database clarity was a significant issue in determining the overall scientific worth of the compiled 

information. A number of situations were observed where information was unclear with respect 

to the currently practised treatment methods, implementation of new source wells, and blending 

of raw water sources. Documentation of precise field conditions is required to ensure the 

scientific validity of any water quality monitoring program. 

B.4.4 Water Sampling by Non-AEP Personnel 

Regional health personnel often sample treated water quality in response to complaints. This 

frequently constitutes the best opportunity to ensure safe rural drinking water. Specific 

procedural guidelines should be constructed to aid health representatives in providing the best 

possible service to rural regions. 

B.4.5 Internal Assessment 

There is currently no specific internal assessment schedule of the rural potable groundwater water 

program. Assessment of the water quality monitoring program is essential for setting and 

meeting management requirements and facilitating decision-making with respect to maintaining 

suitable water quality for rural residents. Without assessment, monitoring is meaningless 

(Robens Institute). 

B.S Conclusions 

AEP has long been acknowledged as the Canadian leader of progressive and thorough water 

quality monitoring. As government cutbacks increase across Canada, and the number of 
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scientists and technicians also decreases, it may not be financially or logistically possible to 

maintain a complete rural potable water quality analysis and assessment program. 

A system that employs periodic assessments of critical or indicator parameters, including 

communities of microorganisms, and a select number of pesticides could be useful for providing 

reliable potable water quality information. It is important to maintain and update water quality 

information to maintain public trust and protect public health. 

Based upon the analysis of the AEP rural groundwater quality database, it may be observed that 

there is room for improvement and hope for a more efficient system of water quality analysis. 

The addition of select pesticides may increase the financial burden of the program, however, 

periodic assessments of pesticide residues in treated water supplies would be a welcome addition 

to the program. 
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